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Abstract. Fire is a major disturbance driving the dynamics of the world’s savannas. Almost all ﬁres are
set by humans who are increasingly altering ﬁre timing and frequency on every continent. The world’s lar-
gest protected areas of savannas are found in monsoonal northern Australia. These include relatively
intact, tall, open forests where traditional indigenous ﬁre regimes have been largely replaced in the past
half century by contemporary patterns with trees experiencing ﬁre as often as three out of ﬁve years. Euca-
lypt canopy trees form the basic structure of these savannas and changes to the canopy due to ﬁre regimes
cascade to affect other plants and animals. In this study, we used data from nearly three decades of ﬁeld
studies on the effects of ﬁre on individual trees to deﬁne eight life-history stages and to calculate transition
rates among stages. We developed a stage-based matrix population model that explicitly considers how
ﬁre season and understory inﬂuence growth, survival, and recruitment for each life-history stage. Long-
term population growth rates and transient population dynamics were calculated under ﬁve different ﬁre
regimes, each in two understory types, using both deterministic and stochastic simulations of seasonal tim-
ing of ﬁres. We found that ﬁre was necessary for long-term persistence of eucalypt canopy tree populations
but, under annual ﬁres, most populations did not survive. Population persistence was highly dependent
on ﬁre regime (ﬁre season and frequency) and understory type. A stochastic model tended to yield higher
population growth rates than the deterministic model with regular, periodic ﬁres, even under the same
long-term frequency of ﬁres. Transient population dynamics over 100 yr also depended on ﬁre regime and
understory, with implications for savanna physiognomy and management. Model predictions were tested
in an independent data set from a 21-yr longitudinal ﬁeld study in Kakadu National Park. This study is a
novel and integrative contribution to our understanding of ﬁre in savanna biomes regarding the potential
for long-term persistence and transient dynamics of savanna canopy tree populations. The model is rela-
tively simple, generalizable, and adaptable for further investigations of the population dynamics of
savanna trees under ﬁre.
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INTRODUCTION
Savannas are tropical and subtropical sparsely
wooded grasslands covering ~17% of the earth’s
land area. Savannas are the most frequently burnt
biome in the world (Chuvieco et al. 2008). Collec-
tively, their ﬁres release an estimated 44% of glo-
bal carbon emissions from biomass burning on
the earth (van der Werf et al. 2010). Almost all
ﬁres are deliberately lit by humans, both tradi-
tionally and contemporarily. The frequency and
timing of human-set ﬁres are being increasingly
altered, and the rate of conversion of land-use
exceeds that of tropical forests (Grace et al. 2006).
The largest protected area of savanna in the
world is in north-central Australia (the Top End)
and includes Kakadu National Park (KNP), a
World Heritage-listed site. Annual precipitation
averages >1200 mm/yr among sites across the
region and the biome is classiﬁed as humid or
mesic savanna. The region is characterized by a
monsoonal climate with distinct and strong
annual precipitation cycles, highly ﬂammable
understory, very high incidence of ﬁres, few or
no large grazing mammals, largely intact ﬂora
and fauna, relatively few introduced species, no
history of plowing or a forest industry, and a lar-
gely rural, sparse human population (<0.1 per
km2; Stoeckl and Stanley 2007).
Indigenous peoples have occupied these savan-
nas for >50,000 yr and have used ﬁres extensively.
When sparse European colonization began <160 yr
ago, traditional ﬁre regimes were modiﬁed, most
signiﬁcantly over the past  50 yr. Although
human population density remains very low, a
high portion of land is burnt per year. For example,
an average of 36% of the area of western Arnhem
Land was burnt each year from 1990 to 2008 (Oli-
veira et al. 2013) and 46% of the area of Kakadu
National Park was burnt each year from 1980 to
1994 (Russell-Smith et al. 1997). The percentage of
land burnt in Kakadu was as high as 70% in 2014
and 2015 (cf. Fire map in Appendix S1) but was
reduced to 30% in 2016 and 2017 with a change in
management (Parks Australia 2016). Progress has
been made in recent years to understand ﬁre
regimes and their effects on savanna biota (cf. Rus-
sell-Smith et al. 2009, 2013).
More than 70% terrestrial landscape the Aus-
tralian humid savanna is occupied by forests and
woodlands (Parks Australia 2016). The most
obvious and widespread of these wooded savan-
nas, covering more than half of the area, are
stands of tall (15–25 m height) eucalyptus trees,
forming semi-closed canopies, known locally as
open forest (cf. Haynes et al. 1991, Wilson et al.
1996, Andersen et al. 2003a, Parks Australia
2016; cf. photos in Appendix S1). The largest
trees are estimated to be 150 to more than 300 yr
old (Werner 1986, Cook et al. 2005). The open
forest canopy trees form the basic structure of
the savannas and provide resources for native
birds, mammals, and reptiles (Woinarski et al.
2001, Woinarski 2011, Lawes et al. 2015).
Are the tall, eucalyptus canopies in these
savannas sustainable in the long term, given con-
temporary ﬁre regimes? To understand the
answer to this question, we have developed a
stage-based matrix population model of the
major canopy trees under various ﬁre regimes,
providing a useful tool to project future popula-
tion numbers, size distributions, and savanna
physiognomy, both in the long-term and over
transitional periods.
Matrix population models have proven an
effective way to integrate life histories and
environment in many other ecological systems
(Silvertown and Charlesworth 2001, Caswell
2001, 2014, Caswell et al. 2018). For plants, such
models can be particularly powerful tools for
assessing population viability or recovery in
highly variable environments (cf. Tuljapurkar
1990, Caswell 2000, Caswell and Kaye 2001, Tul-
japurkar et al. 2003, 2009, Koons et al. 2005,
Boyce 2006, Buckley et al. 2010, Ellis and Crone
2013, Davison et al. 2013, Compagnoni et al.
2016, McDonald et al. 2016, Needham et al. 2018
and references therein).
Stage-based matrix models have been applied
to canopy trees in two other savanna biomes: the
Brazilian cerrado (Hoffmann 1999, Hoffmann
and Moreira 2002 for two canopy species as well
as two shrubs and a subshrub) and the pine
savanna of Georgia, USA (Platt et al. 1988, for
the single dominant canopy tree species). Stage-
based matrix models of savanna plants other
than dominant canopy trees include those for an
annual grass species in Australian savanna
(Watkinson et al. 1989), a perennial grass species
in Venezuelan llanos (Silva et al. 1991), an
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endemic tall conifer found only on bluffs and
ravines in eastern Florida and Georgia (Schwartz
et al. 2000), and two ﬁre-sensitive tree species
found mainly in rainforest but occasionally in
small groves in Australia savannas (Price and
Bowman 1994, Bowman et al. 2001, Trauernicht
et al. 2016).
Obtaining the requisite information on tree life
histories in harsh environments to build popula-
tion models is challenging for several reasons.
Recruitment of new individuals into the popula-
tion is relatively rare, often little is known about
the fate of the commonly persistent small trees of
unknown age, the established canopy trees are
long-lived, and so directional change in popula-
tions can be slow and subtle. As a result, the pop-
ulation consequences of variation in life histories
cannot be fully explored because all three demo-
graphic parameters (i.e., survival, growth, and
reproduction) are often unknown (Franco and
Silvertown 2004). Further, a hierarchy of external
and intrinsic factors, often operating on different
timescales, can affect savanna tree dynamics,
from landscape-scale variables (e.g., ﬁre) to local
environments around individual trees (e.g., com-
petition) and from biological attributes (e.g., phe-
nology, height) to types of responses (e.g.,
growth, death; cf. Figure 1 in Werner and Prior
2013).
Here, we calculated model parameters using
data from several ﬁeld studies conducted over a
period of more than 25 yr. These data include
annual monitoring of permanently marked indi-
vidual saplings and mature trees over two dec-
ades and the responses to experimentally set
ﬁres by permanently marked sub-adult trees (a
life-history stage usually excluded in demo-
graphic studies of woody savannas; Midgley
et al. 2010). Our goal was to determine the ﬁre
season and understory type that result in posi-
tive population growth (and hence, long-term
persistence) of the eucalypt woody canopy. We
explored different combinations of ﬁre season,
frequency, and interannual timing (i.e., determin-
istic and stochastic) in two understory types, con-
sidering both the long-term population growth
rate and the short-term dynamics (i.e., transient
behavior). As a test of the model, we compared
predicted numbers of trees to the actual number
in four ﬁeld sites after 21 yr of known ﬁre
history.
This study highlights the critical life-history
stages and ﬁre-understory dynamics that under-
lie the long-term persistence of the woody
canopy trees in the highly variable Australian
savanna. The results can inform management
about the effects of various ﬁre regimes on the
viability and size/stage distributions of canopy
tree populations and contribute to a general
understanding of how woody trees are main-
tained in the world’s humid and mesic savannas.
STUDY SYSTEM
Site overview
Tropical savannas in Australia cover an area of
>1.9 million km2, ~25% of the continent. They
occur in a wide band across the north, extending
3400 km from the Atherton Tableland in eastern
Queensland westward to just beyond the Kim-
berly region in Western Australia. Eight biogeo-
graphic regions are commonly recognized
(Stoeckl and Stanley 2007). Our study focuses on
the >200,000 km2 north-central region containing
humid and mesic savannas. The region contains
the capital region of Darwin and eastward to
include the sparsely populated Alligator Rivers
Region (ARR) and the vast Arnhem Land. Both
the ARR and Arnhem Land were largely free
from non-indigenous activities until  75 yr ago
(Haynes et al. 1991).
The data used to parameterize our models
were derived from experimental ﬁeld studies con-
ducted in Kapalga Research Station (12°340 S,
132°220 E), a limited-access site of 670 km2
located within the northern sector of KNP.
Kakadu National Park is the largest protected
area of savanna in the world, encompassing
19,804 km2 and an entire river basin within the
Alligator Rivers Region (ARR). It was named a
World Heritage site by UNESCO in 1981. Kakadu
National Park remains sparsely populated with
<2000 residents but caters to  200,000 visitors
per year (Parks Australia 2016). The broader
region is also sparsely populated with the vast
aboriginal-owned Arnhem Land as an eastern
border of the Park, the 3000 km2 Nitmiluk
National Park to the south, and military lands
and protected wetlands to the west. Kakadu
National Park is managed jointly by local aborigi-
nal peoples (Bininj/Mungguy) and the Common-
wealth government (Parks Australia 2016).
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Fifty-ﬁve percent of KNP is classiﬁed as open
forest (typically trees 15–25 m height and  60%
projected ground cover), and representative of
the humid and mesic savannas of the larger
region. The broader terms wooded savanna or
lowland wooded savanna are applied to all
wooded areas (including open forest, monsoon
rainforest, stands of shorter tree species on shal-
low soils, and woody scrub) found in the low-
lands in contrast to vegetation on the high
eastern escarpment or stone country. In total,
lowland wooded savanna covers 70% of KNP
(Parks Australia 2016).
Descriptions of the geology, climate, and vege-
tation the larger region, KNP and Kapalga are
detailed in Haynes et al. (1991), Press et al.
(1995), Finlayson and von Oertzen (1996), Wilson
et al. (1996), and Andersen et al. (2003a).
Fire is used as a major management tool in
KNP, both traditionally and today (Russell-Smith
et al. 2003a, 2009, 2013, Parks Australia 2016). Of
the total area of lowland savanna open forests
and woodlands,  55% has burned every year
since the mid-1980s when modern techniques for
landscape-scale record keeping began (Gill et al.
2000, Russell-Smith et al. 1997, 2003a, 2009,
Russell-Smith and Edwards 2006, Andersen et al.
2005; cf. Study system: Fires and Discussion: Impli-
cations for savanna physiognomy.)
Seasonality
Precipitation is the main marker of seasonality
across the north-central humid savannas, with
 84% of total annual precipitation occurring
over a distinct single wet season from approxi-
mately December to May with the remaining
16% from April to November (Andersen et al.
2003a; Fig. 1a). In 35 yr of rainfall records, no
rain fell during June for 27 yr and no rain fell
during July or August for 29 yr (Jabiru Airport
in northern KNP, Bureau of Meteorology), high-
lighting the extreme dry season. Data on mature
trees used in the current study came from peri-
ods when wet season precipitation ranged from
1049 to 1685 mm/yr and dry season rainfall ran-
ged between 0 and 61 mm/yr (Werner 2005,
2012).
The interannual variation in total rainfall in
these subcoastal humid Australian savannas is
considered very low (Australian Bureau of Mete-
orology, from 96 yr of annual rainfall data) in
spite of the strong seasonal pattern within years.
Fig. 1. (a) Mean monthly rainfall (mm) and mean daily maximum temperature in Darwin, Northern Territory,
Australia (Australian Bureau of Meteorology). (b) Yearly cycle of precipitation showing dry season (inner circle),
and the three periods of ﬁres used in our models (outer circle). Timing varies year to year and is approximate.
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This contrasts with moderate to high interannual
variability in rainfall as one moves eastward and
southward into semi-arid savannas of the conti-
nent and where precipitation variability plays a
larger role in tree population dynamics (Williams
et al. 1996, Liedloff and Cook 2007, Fensham
et al. 2017).
The annual shift from wet season to dry season
occurs rather abruptly with a shift in the prevail-
ing monsoonal winds of the region. Then as the
dry season progresses, ﬁre weather becomes
more severe, characterized by drier vegetation,
lower humidity, stronger winds, and often higher
temperatures, with the result that ﬁres later in
the dry season tend to be more intense than those
earlier in the dry season (Gill et al. 1996, Wil-
liams et al. 1998, Russell-Smith and Edwards
2006).
Fires
Humans are the ignition source for almost all
dry season ﬁres of the region. For tens of thou-
sands of years, indigenous peoples lit ﬁres for
several purposes such as hunting, clearing areas
around camps or walking areas, and creating
mosaics of burnt vegetation that reduced the
extent of possible late dry season ﬁres or light-
ning-set ﬁres in the early wet season (cf. Haynes
1985, Yibarbuk et al. 2001, Russell-Smith et al.
2009, 2013). Today, most ﬁre ignitions in the
region are made by land managers including
Aboriginal residents, protected area managers,
pastoralists, and military personnel, as well as by
casual visitors and unauthorized persons (Rus-
sell-Smith et al. 2003a, 2013).
Fires caused by lightning are relatively rare
(e.g., 4% of the area in KNP over a 15-yr period
reported by Russell-Smith et al. 1997). Light-
ning-ignited ﬁres generally occur during dry
storms in the ﬁrst two months of the wet season.
Lightning-ignited ﬁres that occur early in this
period can have similar effects on vegetation to
late dry season ﬁres and can burn over a large
area if the area has not been burnt for some time
(Murphy and Russell-Smith 2010).
Three major types of ﬁres are commonly iden-
tiﬁed in many analyses of contemporary ﬁres in
this region: early dry season ﬁres in May to early
July, late dry season ﬁres in September to
November, and early wet season ﬁres in Decem-
ber to January (Gill et al. 1996, 2000, Williams
et al. 1998, 2003a, Andersen et al. 2003a, Russell-
Smith et al. 2003a, 2007, 2013, Russell-Smith and
Edwards 2006). The ﬁre types are differentiated
by recent weather rather than calendar months
per se because the start and duration of the dry
season naturally vary from year to year (Taylor
and Tulloch 1985).
Early dry season ﬁres are almost always slow-
moving, trunk-scorching, ground ﬁres of low
intensity, usually creating incomplete, patchy
burn patterns (Gill et al. 1996, 2000, 2003, Wil-
liams et al. 1998, 1999a, 2003a, Russell-Smith and
Edwards 2006, Murphy and Russell-Smith 2010,
Werner 2010; cf. photos in Appendix S1). Rarely,
early dry season ﬁres may be of high intensity
and/or with little patchiness when ﬁres are not
allowed to burn naturally (e.g., if unburnt
patches left after a ﬁre are relit or if ringing ﬁres
around a deﬁned area are used, as in some exper-
imental treatments; Bowman et al. 1988, Ander-
sen et al. 2003a) or if the site has not burnt for a
long time (Williams et al. 2003a, Russell-Smith
and Edwards 2006, Murphy and Russell-Smith
2010). Early dry season ﬁres, with their inher-
ently patchy, unburnt portions, were a major fea-
ture of traditional Indigenous management
practices and attempts to reproduce this aspect
of ﬁre management are championed today (Rus-
sell-Smith et al. 2009, 2013).
Late dry season ﬁres are generally rapidly
moving, canopy-scorching ﬁres, of moderate to
high intensity, usually with little patchiness at
ground level because of drier fuels and ﬁre
weather conditions (Gill et al. 1996, 2000, 2003,
Williams et al. 1998, 1999a, 2003a, Russell-Smith
and Edwards 2006; cf. photos in Appendix S1).
In an analysis of ﬁres in two national parks of the
region, >50% of late dry season ﬁres were classi-
ﬁed as moderate to severe (Russell-Smith and
Edwards 2006). Where a late dry season ﬁre fol-
lowed a previous ﬁre, 23% were classiﬁed as sev-
ere, but when time since the previous ﬁre was
5 yr, 43% of late dry season ﬁres were classiﬁed
as severe (Murphy and Russell-Smith 2010).
Wet season ﬁres occur most often in the early
wet season when precipitation is intermittent,
allowing for vegetation that is dry enough to
carry ﬁre. The earliest of these ﬁres can have
characteristics similar to late dry season ﬁres,
whereas later wet season ﬁres may be of low
intensity but slow-moving with relatively long
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residence times, depending on fuel, moisture,
and weather (Russell-Smith and Edwards 2006).
Early wet season ﬁres mainly occur naturally
due to lightning; they were not traditionally set
by indigenous peoples and today are rarely lit by
land managers, but occasionally may be lit by
others as an act of vandalism.
As in most savannas, ﬁres are mainly ground
(not canopy) ﬁres, although some may include
the mid-story or even attain intensities which
scorch or burn the lower leaves of the tallest
trees, depending on such factors as season, fuel
biomass, wind speed, and time of day. Other fac-
tors (e.g., type of fuel, humidity, ignition method,
and time since previous ﬁre) may inﬂuence ﬁre
intensity and/or severity of effects on vegetation
(Gill et al. 1996, Williams et al. 1999a, 2003a,
Murphy and Russell-Smith 2010). Midgley et al.
(2010) have concluded that the relationship
between ﬁre intensity and ﬁre season in savannas
is far from being understood.
Fuel loads (biomass) generally reach maxi-
mum levels within 2–5 yr of no ﬁres (e.g., in
Kapalga; Cook 2003) in these open forests. Fuel
loads remain high only in unburnt experimental
sites (e.g., Kapalga; Andersen et al. 2003a, Cook
2003), in unburnt preserves (e.g., Solar Village;
Woinarski et al. 2004; and Territory Wildlife
Park; Scott et al. 2012), on sites topographically
protected from ﬁres (e.g., monsoon rainforest;
Bowman 1992), and on sites near settlements
where ﬁre is suppressed (Russell-Smith and
Edwards 2006, Murphy et al. 2014).
For our model, we used ﬁeld data from study
sites in Kapalga where the most common ﬁre
intensity occurred for each ﬁre season. Fires were
allowed to burn naturally (e.g., unburnt patches
were not relit). Fuel loads were 3.7 t/ha  1.2
(mean  standard deviation; P. A. Werner,
unpublished data) in 1982 at the beginning of the
ﬁeld studies, which is well below that reported
for long-unburnt sites in Kapalga (8.3 t/ha  2.7;
Cook 2003). The subsequent early dry season
ﬁres were of low intensity, and the late dry sea-
son ﬁres were of high intensity (Werner 2005,
2012).
Understory
We categorized the understory into two types
—sorghum and non-sorghum—that produce
very different burn patterns of early dry season
ﬁres, represent different competitive environ-
ments for sub-adult trees, and have different
effects on saplings when a ﬁre occurs (Werner
2010, 2012, Werner and Franklin 2010, Werner
and Prior 2013). Smaller life-history stages are
especially affected by understory vegetation. For
example, understory vegetation suppressed juve-
nile tree growth in experimental ﬁeld studies
humid savannas of northern Australia (where
the effect was ameliorated by grazing; Werner
et al. 2006).
Sorghum.—Sorghum understory is dominated
by speargrass, a native annual C4 grass, Sorghum
brachypodum Lazarides (formerly Sorghum intrans
F. Muell. and Sarga intrans (F. Muell) Spangler),
hereafter termed sorghum. Sorghum is wide-
spread and provides the main natural fuel for
ﬁres in the region. Mature plants are mainly sin-
gle stems, forming tall stands (often >1.5–3.0 m
in height; cf. photos in Appendix S1) of up to
200–400 stems per m2 (Andrew and Mott 1983,
Watkinson et al. 1989) and often with >80%
ground cover (Werner 2010). This annual plant
has no dormant seed bank; seeds germinate at
the start of the following wet season and result-
ing plants mature, set, and disperse new seed.
The plants then die back before the end of that
wet season, before seasonal senescence by most
other grasses and herbaceous forbs (cf. photos in
Appendix S1), crumpling into a perched, aerated,
and easily ignited fuel by the time the early dry
season ﬁres begin (Andrew and Mott 1983,
Andrew 1986). Although ground-level fuel loads
on sites with sorghum understory tend to be less
than those with non-sorghum, sorghum grass is
particularly ﬂammable and produces more
intense and less-patchy ﬁres than does non-sor-
ghum herbaceous vegetation (Elliott 2005).
Sorghum understory is usually quite persistent
and resilient when established on a site in these
ﬁre-prone environments because most of its life
history plays out during the favorable wet sea-
son. However, if left unburnt, sorghum popula-
tions decline within a few years (Andrew 1986)
because the young plants of these annuals do not
thrive when shaded, whether by litter or other
herbaceous species. Fires remove sources of
understory competition and shade and thus pro-
mote a sorghum understory. Nonetheless,
because sorghum does not have a seed bank, a
stand can be removed suddenly and entirely by a
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wet season ﬁre that occurs after the seedlings
have appeared with the ﬁrst rains and are >1 cm
in height (Press 1987, Cook et al. 1998, Miles
2003).
Non-sorghum.—The second main type of
understory vegetation is made up mainly of a
mixture of native herbaceous forbs with rosettes
and/or one to a few branching stems, and small
annual and perennial native grasses 20–150 cm
in height (Williams et al. 2003b, Werner et al.
2006, Werner 2010; cf. photos in Appendix S1).
This understory may also include shrubs and
non-eucalypt woody species that tend to be
deciduous in the dry season and are generally
very ﬁre sensitive (Scott et al. 2012). The non-sor-
ghum understory is often persistent in areas long
unburnt as well as within otherwise dense
patches of sorghum (often several meters in
diameter; Andrew 1986). The perennials in the
non-sorghum plots tend to remain green well
into the dry season (cf. photos in Appendix S1)
creating sustained competitive pressure on juve-
nile and sapling trees for the dwindling under-
ground resources, in contrast to the early drying
of the annual grass in the sorghum plots (Werner
2010, 2012).
For the current study, we have used data from
both sorghum understory with 40–80% (mean
= 70%) ground cover of sorghum and non-sor-
ghum understory with 0–20% (mean = 7%)
ground cover of sorghum, as described in Wer-
ner (2010, 2012) and Werner and Prior (2013).
Canopy trees
Population.—Two native species, Eucalyptus
tetrodonta F. Muell. and E. miniata A. Cunn. ex
Schauer (family Myrtaceae), dominate the
canopy stratum of the vast humid savannas of
northern Australia. In KNP, sub-dominants in
the canopy include a scattering of other myrta-
ceous species such the bloodwoods, most often
Corymbia porrecta (ST Blake) KD Hill and LAS
Johnson, and in much lesser abundance C. blee-
seri (Blakely) KD Hill and LAS Johnson, or Xan-
thostemon paradoxus F. Muell., all formerly
classiﬁed as Eucalyptus.
At our study sites in Kapalga, these myrta-
ceous species collectively make up 87% of all
adult trees in the open forests on the ridges and
slopes (Werner 2005). Of sub-adult trees, 94% of
individuals are of just three species: Eucalyptus
tetrodonta, E. miniata, and C. porrecta (termed
eucalypts; Werner and Prior 2013). These three
species collectively make up the bulk of the
canopy layer are considered together as the pop-
ulation that is the focus of this study.
Although it is unusual to use multiple species
collectively to comprise a population, it is not
unheard of (e.g., desert annuals in Goldberg
et al. 2001 and examples of studies comparing
plant life histories, demographics, strategies, life-
forms, and coexistence in Silvertown and Char-
lesworth 2001, Henriques and Hay 2002, Grime
2006). In our study, it is justiﬁed because the rates
of growth, survival, and reproduction, and
responses to ﬁre are very similar among the three
species (Appendix S2). In various studies, the
range of rates observed within a species is
greater than the differences in average rates
among species. Further, statistical analyses have
revealed several signiﬁcant explanatory factors
for responses to ﬁre when the species are consid-
ered collectively but are not important for indi-
vidual species (Appendix S2).
In Appendix S2, we have provided detailed
summaries of the results of various studies on
the growth, survival, reproduction, phenology,
and ontogenetic changes of the canopy tree spe-
cies. These biological and ecological patterns
underpin the development of both the life-his-
tory stages of our model and the vital rates from
one stage to another.
Stages.—We structured the population by
stage, rather than age because the ages of the
eucalypt trees are rarely known. Trees can persist
as juveniles for many years, recovering from
underground stores after being burnt to the
ground, often several times (Williams et al.
2003b, Lawes et al. 2011, Clarke et al. 2012, Wer-
ner and Prior 2013, Freeman et al. 2017). Further,
most mature trees have hollow boles (Werner
and Prior 2007) and thus no early annual growth
rings.
We divided the population into m = 8 differ-
ent stages: seedlings, small juveniles, large juve-
niles, small saplings, large saplings, poles,
adults, and large adults (Table 1). These stages
are based on morphological and phenological
characteristics and on ecologically relevant dif-
ferences in growth and survival under various
environmental conditions, including ﬁre season
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and understory type (Werner 2012, Werner and
Prior 2013; Appendix S2).
For larger trees, diameter at breast height
(dbh) is the major factor determining growth and
survival over the following year (Werner 2005)
and was used to distinguish poles, adults, and
large adults (Table 1). For sub-adult trees, maxi-
mum height is an important explanatory factor
for responses to competition and ﬁre (Werner
and Franklin 2010, Werner 2012, Werner and
Prior 2013) and was used to delineate stages for
sub-adult trees (Table 1). The delineation of these
stages was based on biological features that max-
imize homogeneity within a stage based on pre-
viously reported variability in growth and
survival and considered class width and number
of stages, as either can affect calculations of pop-
ulation growth rates and/or sensitivities or elas-
ticities (cf. Vandermeer 1978, Enright et al. 1995,
De Kroon et al. 2000, Easterling et al. 2000, Cas-
well 2001, Niklas et al. 2003).
We did not include a seed stage because seeds
and germination occur within a single year
(Appendix S2); hence, the reproduction rate is
between mature tree to seedling stage in any
given year. The appearance of new juveniles
from underground (non-seed) sources is rare,
mainly conﬁned to areas where the canopy has
been removed altogether (Appendix S2). Because
the environmental causes, growth, and demo-
graphic fate of such juveniles are unknown, we
did not include them as a separate stage in our
basic model.
MODEL
We developed a stage-based population model
that integrated various studies of survival,
growth, and reproduction under different ﬁre
regimes in two main understory types. Our goal
was to explore conditions that might result in
long-term viability of savanna canopy trees.
Here, we present the general form of matrix pop-
ulation models as well as the speciﬁc form of our
model including the life-history stages and the
parameterization of transition matrices. For a
thorough introduction to the mathematical prop-
erties of matrix models, see Caswell (2001, 2014)
and Caswell et al. (2018).
General model form









t is a vector of length m describing the
number of individuals in each of m stages at time
t and A is an m 9 m transition matrix. The transi-
tion matrix has elements aij, where the ﬁrst row
(i = 1) describes the number of offspring pro-
duced by individuals in stage j that survive to
t + 1 (which we refer to as recruitment) and all
other aij’s with i > 1 to describe the probability of
an individual surviving and transitioning from
stage j to stage i. This deﬁnition of transition
probability includes the probability of surviving
and remaining in the same stage, which is simply
aij where i = j. Mortality does not appear as a
term in the matrix but can be calculated as the
probability of not transitioning (i.e., Mj ¼ 1Pm
i¼2 aij).
For any time-step t, the solution to the model
equation (1) can be calculated given an initial








The transition matrix A provides information
on the long-term trajectory of a population, even
in the absence of population abundance data. If
the matrix meets certain properties (i.e., is irre-
ducible and primitive; Perron 1907, Frobenius
1912), there exists a simple, positive, real eigen-
value of the transition matrix that is larger than
Table 1. The eight life-history stages in the stage-
structured matrix model, classiﬁed by height
and diameter at breast height (dbh).
Stage
number Stage name Criterion
1 Seedling <1 yr old at time of census
(January)
2 Small juvenile <0.5 m height
3 Large juvenile 0.5 to <1.50 m height
4 Small sapling 1.50 to <3.00 m height
5 Large sapling 3.00 to <5.00 m height
6 Pole 5.00 to <10.0 cm dbh
7 Adult 10.00–34.99 cm dbh
8 Large adult ≥35.00 cm dbh
Notes: dbh takes precedence over height of plant; that is,
once a tree attains a dbh of 5.00 cm, it becomes a pole, adult,
or large adult category.
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all others. Biologically, this dominant eigenvalue
represents the long-term growth rate of the pop-
ulation and is commonly denoted by k. All the
transition matrices in this study possessed such
an eigenvalue.
The corresponding eigenvector of the domi-
nant eigenvalue gives the stable stage structure
of the population (i.e., the distribution of individ-
uals among the stages). Once the population
reaches that stable stage structure, the number of
individuals in each stage will grow by a factor of
k each year. If k > 1, the population will grow
and if k < 1, the population will eventually be
extirpated. The sensitivity of the population
growth rate, k, to changes in the parameters of
the transition matrix is of key interest. These sen-
sitivities are calculated as the rate of change in k
in response to small changes in the matrix ele-
ments and are computed numerically or more
often analytically as ok=oaij:
In applying the matrix modeling approach, we
assumed that the population was closed (i.e., no
immigration or emigration). We also assumed
that recruitment, survival, and stage transitions
were density independent (there was no evi-
dence for density dependence in the studies we
used to parameterize our model). Further, we
assumed that within a given stage, the rates of
growth and survival were constant for each envi-
ronmental condition. Justiﬁcation for and poten-
tial consequences of the two ﬁnal assumptions
are discussed in Appendix S3.
For our analysis of the matrix model, we used
the open-source statistical software R (R Core Team
2016), speciﬁcally the popBio package (Stubben
and Milligan 2007) for calculating growth rates
and sensitivities. The R code to reproduce all
simulations is available online at https://github.
com/sjpeacock/WernerPeacock2017.
Parameterization of transition matrices
Transition matrices were developed for eight dif-
ferent environments representing a combination of
four different seasons of ﬁre (hereafter termed ﬁre
type) that occurred that year (N, no ﬁre; E, early
dry season ﬁre; L, late dry season ﬁre; W, wet sea-
son ﬁre) and two different understory types (1 or
S, sorghum; 2 or NS, non-sorghum). No single ﬁeld
study covered the entire lifecycle of eucalypts.
Therefore, the recruitment and transition probabili-
ties (vital rates) were parameterized based on
multiple studies. Data on established trees were
from several experimental ﬁeld studies by P. A.
Werner and colleagues conducted in Kapalga,
KNP, between 1982 and 1990 in sites near, but out-
side of, the ﬁre compartments used in the ﬁve-year
(1990–1994) CSIRO ﬁre experiment (Andersen
et al. 2003a). Data we used for recruitment, seed-
ling survival, juvenile and sapling transitions, and
pole and adult transitions came from several
sources.
The assignment of trees to a stage depends on
the census time when individuals are counted
and measured. Our census time was January, at
the start of the wet season and well after germi-
nation of seeds that had been produced during
the previous year (Fig. 1b). Thus, the transition
matrix describes the stage transitions from Jan-
uary through December, with a time-step of one
year.
Recruitment.—Flowering and seed production
occur in the dry season (Setterﬁeld and Williams
1996, Williams et al. 2003b), with peak seed fall
up to one month before or during early wet sea-
son rains (Russell-Smith and Setterﬁeld 2006).
Rates of granivory are very high, both pre-dis-
persal and post-dispersal (Setterﬁeld and Wil-
liams 1996, Andersen and Lonsdale 1990).
Germination of any remaining seed occurs early
in the wet season (Setterﬁeld and Williams 1996,
Williams et al. 1999b, 2003b).
We did not include a seed stage in our models
but considered recruitment into the population
at the seedling stage (the addition of new indi-
viduals to the population). This was possible
because the model census period occurred in Jan-
uary (early wet season) and thus generally
spanned the reproductive period from the pro-
duction and dispersal of seed by mature trees to
seed germination and seedling establishment.
This census time also avoided an unnecessary
complication of accounting for high interannual
variability in seed production (Setterﬁeld and
Williams 1996, Williams et al. 1999b, 2003b).
Thus, the recruitment parameters aij were the
number of seedlings produced by an individual
of stage j during the one-year time-step of the
model; these were the result of seeds that were
produced, germinated, and survived as seedlings
at census time in January.
Poles, adults, and large adults are capable of
ﬂowering and producing viable seeds and
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seedlings. We calculated base values for recruit-
ment for each of these stages based on data of
the known appearances of new plants in unburnt
plots of known size and known numbers of trees
large enough to have produced seeds/seedlings
(P. A. Werner, unpublished data from the ﬁeld
study reported in Werner et al. 2006). These val-
ues were within the range of our estimates of
seedlings per individual tree derived from inde-
pendent data on numbers of seedlings per unit
area in unburnt plots reported in Williams et al.
2003b (data from Setterﬁeld 1997, 2002). In a year
with no ﬁre, we considered that a pole success-
fully produced one seedling, and an adult and a
large adult each produced two seedlings.
Fires have a devastating effect on recruitment
into the population as demonstrated by both
observational and experimental studies (Setter-
ﬁeld 1997, 2002, Williams et al. 2003b). We
assumed that recruitment (seedling establish-
ment) was reduced if there was a ﬁre relative to
the patchiness of the burn (i.e., the probability
that a given tree would be burned if a site had
burned, Pr(burn)). For example, during late dry
season ﬁres, 100% of the ground tends to be
burnt and recruitment therefore would be zero,
but for early dry season and wet season ﬁres, a
percentage of the landscape remains unburnt
(1-Pr(burn)) so the potential for seedling survival
is not zero. For these ﬁres, the base value for
recruitment when ﬁre was absent (above) was
multiplied by 1 – Pr(burn) under the given ﬁre
type where Pr is the proportion of ground burnt
(and hence the probability of being burnt). Data
on patchiness of burns were taken from a ﬁeld
study where ﬁres were measured at a microsite
scale of 10 9 10 cm2 (Werner 2010; Table 2).
Potential differences in patch types due to time
since previous ﬁre are discussed under future
research.
Seedling survival.—Seedlings are deﬁned as
new individuals that have appeared within the
population within the past year (Table 1), so they
cannot survive within the same stage (i.e.,
a11 = 0) but must transition to small juvenile
stage, assuming they survive to the following
census date (a21 > 0). Setterﬁeld (2002) reported
that in the absence of ﬁre, the probability of E.
miniata seedlings surviving from January to Jan-
uary was  25% but there was considerable vari-
ability due to microsite and weather events.
Because recruitment and seedling survival are
naturally quite low, we chose a21 = 0.5 as the
base value for years with no ﬁre (f = N), a value
higher than the average seedling survival but
within the range reported by Setterﬁeld (2002).
For early dry season, late dry season, or wet sea-
son ﬁres, the base survival (unburnt) was mul-
tiplied by the patchiness of the burn (Table 2)
as was done for recruitment (above). For exam-
ple, in early dry season ﬁres in a non-sorghum
understory, a total of only 53% of the micro-
sites were burnt (47% unburnt; Werner 2010);
in that case, our calculation would result in a
seedling survival value of a21 = 0.50 9 0.47
= 0.235.
Juvenile and sapling survival and transitions.—Sur-
vival rates and transition probabilities for small
juvenile, large juvenile, small sapling, and large
sapling stages were taken directly from ﬁeld data
underlying Figure 4 of Werner (2012). In the
ﬁeld, 2405 individual trees were marked and
monitored over three years in plots (totaling
7.2 ha) located within larger experimental com-
partments totaling an area of 20 km2. The plots
had either sorghum or non-sorghum understory
but were otherwise matched closely as possible.
Each plot was subject to a single ﬁre conducted
in the early, late, or wet season, or remained
unburnt. All ﬁres were set as set as line-ignition
ﬁres (not perimeter or ring ﬁres) and without re-
ignition of any unburnt patches; thus, ﬁres
behaved in a realistic, natural landscape pattern.
Early dry season ﬁres were judged as low inten-
sity whereas the late dry season and early wet
season ﬁres were judged as high-intensity ﬁres,
Table 2. Fire patchiness on a ﬁne scale: the pro-
portion of area that is actually burned under
different ﬁre types, assessed on 10 9 10 cm
grid (Werner 2010), in the juvenile plots used
in Werner (2012) and Werner and Prior (2013)
and used in calculations of recruitment and




Early dry season 0.947 0.531
Late dry season 1.000 1.000
Wet season 0.986 0.932
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details in Werner and Franklin (2010) and Wer-
ner (2012).
All individual sub-adult trees were assessed
repeatedly for survival, stem height, and dbh
(Werner and Franklin 2010, Werner 2012, Werner
and Prior 2013). Survival of these trees was gen-
erally consistent with those from an earlier study
where 58 permanently marked sub-adult euca-
lypts were followed for six years (Werner et al.
2006). Where a resprouting sub-adult tree ini-
tially produced multiple stems after the complete
loss of above ground biomass, the maximum
height of those stems was sufﬁcient to accurately
assess recovery and persistence of the individual
(Werner and Franklin 2010, P. A. Werner, unpub-
lished data), as was the case in a study of six
woody species in a pine savanna in North Caro-
lina (Schafer and Just 2014).
Field data indicated that juveniles and saplings
can transition up two or even three stages within
a year, or revert to a smaller stage if, for example,
their height or dbh is reduced due to ﬁre or
drought (Williams et al. 2003b, Werner 2012,
Werner and Prior 2013). These possibilities are
reﬂected in the transition matrices (Fig. 2,
Table 3). Downward transitions to smaller
stages, although unusual, have been considered
in other stage-structured matrix models, for
example, for colonies of clonal organisms such as
corals that may regress from large adult sizes to
small resting stages in seasonal habitats (e.g.,
Hughes 1984).
Pole and adult transitions.—Transition probabili-
ties for poles, adults, and large adults were calcu-
lated from ﬁeld data reported in Werner (2005).
All 487 mature canopy eucalypts in an area total-
ing 1.8 ha were permanently marked and moni-
tored over nine years, including in unburned
plots and after early dry season and late dry sea-
son ﬁres (fronting or line ﬁres; described in Wer-
ner 2005). Fires were intermittent; that is, they
were not repeat ﬁres as in other studies where
permanently marked trees were subject to annual
or biennial ﬁres over ﬁve or 23 yr (Andersen
et al. 2003a and Russell-Smith et al. 2003b,
respectively). Unlike the data for juveniles, which
were already available as transition probabilities
under different ﬁre types and understory, the
data for poles and adults consisted of annual
mortality and changes in dbh of permanently
marked trees and the corresponding ﬁre history.
From these ﬁeld data, we calculated the probabil-
ity of survival within a stage (i.e., aii) and the
transition probabilities among stages (i.e., aij,
i 6¼ j) as follows.
Poles and adult trees were unlikely to transi-
tion more than one stage within a year because
the size categories for poles and adults were
quite broad. To determine the probability of tran-











Fig. 2. Model diagram showing the eight stages (cf. Table 1) and the possible transitions among them includ-
ing survival and growth (solid lines) and survival and reduction to smaller size (dotted lines). Each of these
arrows has an associated transition probability (cf. Table 3). Also shown is recruitment of seedlings from poles,
adults, and large adults (dashed lines).
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selected trees that had a positive annual change
in dbh. From these trees, we estimated the aver-
age annual increase in dbh for each ﬁre type and
stage (pole, adult, and large adult) using a linear
mixed-effects model with ﬁre type and stage as
ﬁxed effects and random effects for the tree spe-
cies and year to account for other sources of vari-
ability across ﬁre type and stage that may affect
growth. The time spent in a stage was then calcu-
lated as the average increase divided by the
width of the growth class (e.g., 5 cm for poles,
25 cm for adults). Finally, the probability of a
random individual transitioning up (larger) in
any given year was the inverse of the time spent
in that stage multiplied by the probability of
increasing in dbh, where the probability of
increasing in dbh was the number of trees that
had a positive annual change in dbh divided by
the total number of trees observed. This same
procedure was repeated for trees that had a neg-
ative annual change in dbh to determine the
probability of transitioning down (smaller). The
Table 3. The transition matrices with base parameters for recruitment and transition probabilities
under four ﬁre types and two understory types, assuming patchy ﬁres (Table 2).
Fire
season
Sorghum Understory Non-sorghum Understory
to (i) from (i) from ( j)
No ﬁre
(f = N)
1 2 3 4 5 6 7 8 1 2 3 4 5 6 7 8
1 1.000 2.000 2.000 1.000 2.000 2.000
2 0.500 0.720 0.140 0.500 0.860 0.280 0.110
3 0.190 0.600 0.330 0.100 0.620 0.440
4 0.030 0.190 0.370 0.100 0.340
5 0.020 0.300 0.840 0.012 0.110 0.340 0.012
6 0.160 0.877 0.003 0.160 0.877 0.003
7 0.027 0.965 0.004 0.027 0.965 0.004
8 0.010 0.970 0.010 0.970





1 2 3 4 5 6 7 8 1 2 3 4 5 6 7 8
1 0.053 0.106 0.106 0.469 0.938 0.938
2 0.027 0.720 0.590 0.120 0.235 0.780 0.200
3 0.210 0.080 0.170 0.660
4 0.330 0.350 0.010 0.100 0.440 0.170
5 0.470 0.500 0.560 0.160
6 0.060 0.500 0.803 0.000 0.670 0.803 0.000
7 0.043 0.982 0.002 0.043 0.982 0.002
8 0.017 0.990 0.017 0.990





1 2 3 4 5 6 7 8 1 2 3 4 5 6 7 8
1 0.000 0.000 0.000 0.000 0.000 0.000
2 0.000 0.610 0.080 0.000 0.810 0.050 0.330 0.230
3 0.320 0.790 0.330 0.640 0.160 0.710
4 0.120 0.670 0.150 0.660
5 0.080 0.035 0.020 0.080 0.035
6 0.070 0.725 0.011 0.690 0.725 0.011
7 0.008 0.969 0.011 0.008 0.969 0.011
8 0.004 0.864 0.004 0.864




1 2 3 4 5 6 7 8 1 2 3 4 5 6 7 8
1 0.014 0.028 0.028 0.068 0.136 0.136
2 0.007 0.680 0.360 0.040 0.020 0.034 0.500 0.130 0.060
3 0.220 0.430 0.260 0.070 0.400 0.600 0.430
4 0.110 0.360 0.120 0.020 0.180 0.260 0.280
5 0.330 0.290 0.035 0.020 0.140 0.300 0.035
6 0.480 0.747 0.006 0.280 0.747 0.006
7 0.026 0.972 0.007 0.026 0.972 0.007
8 0.010 0.927 0.010 0.927
Mj 0.993 0.100 0.100 0.010 0.020 0.193 0.012 0.066 0.966 0.060 0.090 0.110 0.140 0.193 0.012 0.066
Notes: The last row (Mj) is not part of the matrices but the probability of mortality, calculated asMj ¼ 1
P8
i¼2 aij:
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calculated probabilities of transitioning up or
down are shown in Fig. 3.
In addition to annual changes in dbh, Werner
(2005) recorded the trees that died each year,
from which we calculated the probability of mor-
tality with each ﬁre type. In an independent
study in Kapalga by Williams et al. (2003b), there
was no relationship between adult tree survival
and size (across a range  20–35 cm dbh, their
Figure 6.4). The Werner (2005) data allowed us to
calculate the probability of a pole, adult, or large
adult surviving and remaining within the same
stage (i.e., aii) as: 1 – Pr (mortality) – Pr (transi-
tion up) – Pr (transition down).
There were some instances of missing data that
forced us to make three assumptions when calcu-
lating transition probabilities for mature trees
(poles, adults, and large adults). Firstly, under-
story was not speciﬁed in the Werner (2005)
study used to parameterize transition values for
mature trees. In general, understory was non-sor-
ghum or only sparse sorghum, as the plots were
set up in 1982 to avoid heavy sorghum and sor-
ghum did not enter the plots throughout the
study (P. A. Werner, unpublished data and pho-
tographs). Because the type of understory likely
has relatively much less effect on the survival
and growth of mature trees compared to demon-
strated effects on juveniles and saplings (Werner
2010), we assumed that for poles, adults, and
large adults only, transition probabilities were
the same for non-sorghum and sorghum
understories.
The second assumption was regarding wet
season ﬁres for which transition probabilities
could not be calculated directly for mature trees
because sample sizes were too small—only one
of these ﬁres occurred in the plots used to param-
eterize values (Werner 2005). For wet season
ﬁres, we calculated transition probabilities of
poles, adults, and large adults as an average of
the probabilities for late dry season and early dry
season ﬁres, as the characteristics of wet season
ﬁres some qualities of both late and early dry
seasons (cf. Study system: Fires).
The third assumption was regarding mortality
rates of large adult trees (≥35 cm dbh). After
early dry season ﬁres, none of the large adults
(≥35 cm dbh) in the Werner (2005) ﬁeld study
died, but the sample size for this stage and ﬁre
type was small (12 individuals). Although large
adults are more likely to have been invaded and
weakened over time by internal termite damage
(piped) compared to smaller trees, Werner and
Prior (2007) found no difference in survival rates
between piped (hollow) and unpiped large trees
under early or late dry season ﬁres. (Should a
rare, unusually intense ﬁre or a severe storm
occur, however, large trees that are heavily piped
are particularly vulnerable to dying compared to
unpiped trees (Lonsdale and Braithwaite 1991,
Williams and Douglas 1995), two external factors
not considered in our model.) On the assumption
that the mortality of large adults was not truly
zero even under early dry season ﬁres, we calcu-
lated the mortality of large adults under these
ﬁres as equal to the known mortality of adults
(<35 and ≥10 cm dbh) under early dry season
ﬁres, scaled by the ratio of large adult to adult
mortality under unburned conditions.
We were not able to incorporate some of the
demographic data from some long-term ﬁeld
studies (≥5 yr) that had a vegetation or land-
scape focus because the data were incompatible
with that required to parameterize our popula-
tion model (i.e., information on individual gen-
ets, especially sub-adults, and their fate with
reference to other stage categories). For example,
although Williams et al. (2003b) provided infor-
mation on the survival of tagged juvenile woody























Fig. 3. Transition probabilities (per year) for poles,
adults, and larger adults, calculated using growth
rates in dbh on repeat measures of individual trees
over 9 yr for no ﬁre (N), early dry season ﬁres (E), and
late dry season ﬁres (L). Details are in Model: Parame-
terization of transition matrices.
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sprouts (<3 cm dbh and <3 m height), recruit-
ment was considered the number of trees enter-
ing the stratum >3 m, as measured by changes in
density of stems. Similarly, Williams et al.
(1999a), Prior et al. (2009), and Bond et al. (2012)
deﬁned recruitment as the addition of stems into
a particular size category (e.g., >5 cm dbh, the
minimum size of poles in our study).
Potential biological trade-offs.—In the ﬁeld data
used to calculate transition rates, we explored
potential biological trade-offs among growth,
survival, and/or ﬂowering. For mature trees, we
found no evidence of a trade-off between growth
(in dbh) in one year and the probability of sur-
vival over the next 20 yr (P. A. Werner and S. J.
Peacock, unpublished data). Nor did we ﬁnd evi-
dence of a biological trade-off between ﬂowering
and growth (in dbh) or between ﬂowering and
survival for mature trees of these canopy euca-
lypts, in the absence of ﬁres. This is true within a
single year or between two adjacent years (P. A.
Werner, 9 yr of unpublished data, data reported col-
lectively inWerner 2005).
Similarly, for sub-adults (juveniles and small
saplings), there was no evidence of a biological
trade-off between growth and survival (Werner
and Prior 2013). Only for large saplings is the
relationship between growth and survival within
a year slightly negative, in some environments
(cf. Werner and Franklin 2010, Werner 2012) but
we did not include that possibility in our model.
RESULTS
In this section, we present calculations of pop-
ulation growth rates under different ﬁre regimes
and simulations. In each case, we include both
the rationale and details of speciﬁc methods and
the results of various simulations.
Constant environment
Assuming a constant environment (i.e., the
given ﬁre type occurs annually, and understory
type remains constant), we calculated the popu-
lation growth rates and stable stage distributions
for the eight transition matrices corresponding to
the four ﬁre types (N, E, L, and W) and two
understories (S and NS). These serve as baseline
matrices for comparisons with subsequent simu-
lations that combine different environments. The
sensitivity of population growth rates to small
changes in the recruitment and transition proba-
bilities in each of the eight transition matrices
were also calculated to gain insight into the rela-
tive importance of various stages to long-term
persistence of the population if those stages are
altered by management or other circumstances.
Population growth rates.—For all of the ﬁre type
and understory combinations of the base matri-
ces for constant environments, k < 1 (i.e., the
population did not persist), with two exceptions
(Fig. 4). In sorghum understory, if the same ﬁre
type were to occur every year, populations of
eucalypts tended to extirpation and would per-
sist only if left unburnt. However, when left
unburnt, sorghum itself does not persist (cf.
Study system: Understory) and the understory
would become unburnt non-sorghum for which
k < 1. In non-sorghum, populations of eucalypts
tended to extirpation in all constant environ-
ments except under annual early dry season ﬁres
(Fig. 4). However, under annual ﬁres, non-sor-
ghum understory is greatly disadvantaged, and
sorghum will tend to replace it (cf. Study system:
Understory). Thus, the understory would likely






















































Fig. 4. The long-term population growth rates (k; y-
axis) under eight constant environmental conditions
consisting of four ﬁre types (x-axis) and sorghum
understory (green) or non-sorghum understory (red).
Growth rates less than 1 (horizontal black line) indi-
cate populations that will tend toward extinction. The
two environments with k > 1 () are unrealistic in the
long term as sorghum is not maintained in the absence
of ﬁre and is likely to replace non-sorghum under
annual early dry season ﬁres (cf. Study System: Under-
story).
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k < 1. In sum, the two exceptions to k < 1 are
unrealistic as constant environments.
Overall, the results suggest that eucalypts
would not persist in a constant environment
where the ﬁre type and understory are
unchanged year to year.
Stable stage distributions.—The stable stage dis-
tributions differed greatly for the eight constant
environments (Fig. 5). Four ﬁre/understory com-
binations had few or no seedling or juvenile
stages relative to large trees (e.g., wet season
ﬁres in either understory, Fig. 5g, h; early dry
season ﬁres in sorghum, Fig. 5c; and late dry
season ﬁres in non-sorghum, Fig. 5f). In contrast,
two environments showed relatively high num-
bers of juveniles but very few adults (e.g.,
unburnt non-sorghum and late dry season ﬁres
in sorghum; Fig. 5b, e). All six of these combina-
tions of ﬁre season and understory had k <1
(Table 4).
In both instances where k > 1 under constant
conditions (Fig. 4), the distribution of trees
0.0
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Fig. 5. Stable stage distributions (SSD) for populations growing in sorghum (left) and non-sorghum (right)
understories with constant environments of no ﬁre (a, b), early dry season ﬁres (c, d), late dry season ﬁres (e, f),
and wet season ﬁres (g, h). The stages are seedlings in orange, young trees (juveniles and saplings) in green, and
old trees (poles and adults) in blue (Table 1). Note that populations in (a) and (d) are the only ones where k > 1,
but these are unrealistic environments in the long term (Fig. 4).
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across stages was relatively even, or even weakly
bimodal, with the greatest proportion of trees in
the three smallest sizes (Fig. 6a, d). Note, how-
ever, that these two examples of constant envi-
ronments are themselves unrealistic (cf. Study
system: Understory).
Sensitivity analyses.—Overall, small changes to
either recruitment into the population (seedling
establishment) or the transition of seedlings to
small juveniles would have negligible effect on
long-term population growth rates (sensitivity
values range from 0–0.02 and 0–0.08, respec-
tively; cf. Appendix S4 for details of sensitivity
analyses).
A general pattern among the eight baseline
transition matrices was that the sensitivity to
small changes in transition probabilities rates (cf.
Appendix S4) tended to correspond to the rela-
tive abundances of various stages in the stable
stage distribution (Fig. 5). Where the stable stage
distributions were heavily skewed to either smal-
ler or larger sizes (Fig. 5b, c, e–h), the sensitivity
to changes in transition probabilities from those
dominant stages was relatively high (0.54–1.11)
but very low for transition probabilities from
other stages where there were few individuals.
Similarly, where the stable stage distributions
were relatively evenly distributed across stages
(Fig. 5a, d), there was moderate sensitivity to
small changes in each of the transition probabili-
ties (0.15–0.39).
There were also patterns related to ﬁre and/or
understory types. For example, under annual
early dry season ﬁres in sorghum, sensitivities to
changes in transitions probabilities for large
adults were very high (0.72–1.11) but were zero
for juveniles and for saplings, a contrasting pat-
tern to sensitivities in non-sorghum where values
were lower for large adults (0.22–27) but higher
for earlier life-history stages (e.g., 0.30 from small
juveniles to small saplings). That pattern was
reversed for late dry season ﬁres: In sorghum,
relatively high sensitivity was restricted to the
early life-history stages, for example, transition
rates for large juvenile trees to small sapling
stage (0.66), reversions to small juvenile stage
(0.54), or survival within class (0.63). This was in
stark contrast to the pattern of sensitivity in non-
sorghum where population growth rates were
sensitive only to small changes for the late life-
history stages (e.g., 0.99 for adults surviving as
adults).
Under annual wet season ﬁres, regardless of
understory type, the probability of adults surviv-
ing as adults was also very important (sensitiv-
ity > 0.96), whereas changes to transition
probabilities for earlier life-history stages had lit-
tle or no effect on long-term population growth
Table 4. Population growth rates k for ten scenarios of ﬁre seasons and return intervals in two types
of understory, where the temporal sequence of ﬁres was Deterministic (regular, periodic intervals)
or Stochastic with probability of a ﬁre in any year = 1/ﬁre return interval, assuming zero autocorre-
lation in ﬁres from year to year (Appendix S5).











ks (mean  95%
conﬁdence interval)
Sorghum Early dry 2 EN 0.993 1.017 (1.014, 1.020)
Early dry 4 ENNN† 1.035 1.037 (1.034, 1.040)
Late dry 3 LNN 0.982 0.992 (0.991, 0.993)
Late dry 5 LNNNN 1.002 1.009 (1.008, 1.011)
Early and late 2/5 NENEL‡ 0.980 0.985 (0.982, 0.988)
Non-sorghum Early dry 2 EN 1.005 1.011 (1.010, 1.012)
Early dry 4 ENNN 0.999 1.002 (1.002, 1.003)
Late dry 3 LNN 0.982 0.983 (0.982, 0.984)
Late dry 5 LNNNN§ 0.986 0.986 (0.986, 0.987)
Early and late 2/5 NENEL 0.995 0.990 (0.988, 0.991)
† cf. Fig. 7.
‡ cf. Fig. 8.
§ cf. Fig. 9.
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rate. With no ﬁre, sensitivity to changes in the
transition probabilities of poles to the adult stage
was higher in sorghum than in non-sorghum
(0.59 vs. 0.26, respectively).
Variable environments
In the ﬁeld, the same ﬁre type and understory
does not occur every year because the occurrence
and timing of ﬁres will vary based on manage-
ment decisions, unauthorized casual ignitions,
and occasional lightning strikes. Therefore, we
explored the consequences of populations experi-
encing different ﬁre types through time, speciﬁ-
cally those where years of no ﬁre are
interspersed among years with ﬁre, in both sor-
ghum and non-sorghum understories.
The current study is limited to ﬁve different
ﬁre regimes that were chosen because they are
currently and/or historically common in the
north-central humid Australian savannas (Gill
et al. 2000, Russell-Smith et al. 2003a, Russell-
Smith and Edwards 2006, Murphy and Russell-
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Fig. 6. The frequency distribution of the short-term population growth rates over 100 yr for 1000 independent
simulations for each scenario (rows; Table 5). A vertical line is shown where the log average population
growth = 0 (below which the populations are not increasing) and the proportion increasing (PI) is shown in the
top-right of each panel (cf. Table 5).
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Smith 2010) and/or reﬂect regimes that managers
aspire to, or avoid (Russell-Smith et al. 2009,
2013, Parks Australia 2016). Four of the ﬁre
regimes involved ﬁres occurring only during one
part of the dry season, but with different return
intervals: early dry season ﬁres with return inter-
vals of two and of four years and late dry season
ﬁre with return intervals of three and of ﬁve
years. The ﬁfth ﬁre regime incorporated both
early and late dry season ﬁres, where the early
dry season ﬁres occurred twice, the late dry sea-
son ﬁre once, and unburnt years twice in a ﬁve-
year period, on average, the most common ﬁre
regime in the region over the past several dec-
ades, including within KNP (cf. Study system:
Fires). We considered each of these ﬁve ﬁre
regimes in sorghum and in non-sorghum under-
story, leading to ten different scenarios (Table 4).
The sequence of ﬁres in each scenario was
ﬁrstly considered as a deterministic process, with
the same periodic sequence of ﬁres repeated
indeﬁnitely, and then as a stochastic process,
where ﬁres occurred randomly each year based
on the speciﬁed long-term frequencies of ﬁres.
For example, for the ﬁre regime combining early
(E) and late (L) dry season ﬁres and no ﬁres (N)
over ﬁve years, the deterministic model was
ENENL (Table 4), whereas the stochastic model
used a corresponding 40% chance of early dry
season ﬁre, a 40% chance of no ﬁre, and a 20%
chance of late dry season ﬁre in a given year (we
did not include the possibility of multiple ﬁres
with a single year).
For the stochastic model, we assumed that there
was no autocorrelation in the environment, such
that the probability of a ﬁre in any given year was
independent of whether a ﬁre had occurred the
year before. Because almost all ﬁres are set inten-
tionally, and the frequency of ﬁres is very high, an
accumulation of fuel plays less of a role than one
might expect in inﬂuencing the probability of a ﬁre
in any particular year (cf. Study system: Fires). Deci-
sions to ignite ﬁres or set ﬁre regimes are complex,
based on many factors (cf. Parks Australia 2016),
and further, there are insufﬁcient data on the
sequences of ﬁres over time to inform a model that
would incorporate autocorrelations in the environ-
ment (see General discussion: Future research).
Nonetheless, we did explore the effects of both
positive and negative autocorrelation on popula-
tion growth rates. For each of our ten
environmental scenarios, we considered the case
where the probability of each ﬁre type depends on
the previous year’s ﬁre type in a two- or three-state
Markov chain. From these, we were able to incor-
porate temporal autocorrelation in the environ-
ment in calculations of population growth rates
(details of methods and ﬁgures in Appendix S5.)
Deterministic timing of ﬁres.—We deﬁned the
ﬁre return interval, x, as the number of years
after a ﬁre until the landscape is burned again.
For example, if a late dry season ﬁre occurs every
one out of two years, this would correspond to a
ﬁre return interval of x = 2. For the deterministic
model, the population dynamics were simulated
numerically by iterating Eq. (1) using the speci-
ﬁed sequence of transition matrices.
The long-term population growth rate kd for a
ﬁre return interval of x years was calculated ana-
lytically as the xth root of the dominant eigen-
value of bA ¼ ALAx1N (cf. Silva et al. 1991). For
the scenario considering both early and late sea-
son ﬁres (NENEL), kd is the 5th root of the domi-
nant eigenvalue of bA ¼ ANAEANAEAL. Note that
the sequence of ﬁres here inﬂuences the popula-
tion dynamics and that rearranging the order of
the matrices will result in different estimates of k
(cf. Variable environments: Stochastic timing of ﬁres
and Appendix S5).
In seven of the ten scenarios, the deterministic
model predicted that the populations would tend
to extirpation (i.e., kd < 1; Table 4). The ﬁre
return intervals and understory type affected
whether populations would tend to decline or
grow. Only in sorghum, as ﬁre return intervals of
either early or late dry season ﬁres increased, did
kd, moving populations from decline to growth
(kd > 1; Table 4). In non-sorghum, the pattern
was opposite, at least for ﬁre return intervals of
early dry season ﬁres: With longer ﬁre return
intervals, kd decreased from 1.005 at x = 2 to
0.999 at x = 4, pushing the population from
growth to decline. Late dry season ﬁres in
non-sorghum resulted in population decline.
Combining early and late dry season ﬁres
resulted in population decline, regardless of
understory type (Table 4).
Stochastic timing of ﬁres.—The matrix model
was also simulated stochastically such that the
sequence of ﬁres was not always the same. Each
year, the transition matrix was chosen randomly
and independent of the previous years,
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according to the probability of each ﬁre type
(analogous to the random ﬁre regime in Hoff-
mann 1999). Thus, we assumed no autocorrela-
tion in the temporal sequence of ﬁres (i.e., zero
autocorrelation in the environment), but in
Appendix S5 we explore the case with both posi-
tive and negative autocorrelation in the environ-
ment such that the probability of a ﬁre depended
on the previous year’s ﬁre type.
The long-term population growth rate in the
stochastic model can be estimated only by simu-
lation (Caswell 2001, Caswell and Kaye 2001)
and was calculated as the average annual change
in the population size








where T is the length of the simulation. For the
calculation of log ks, we used a T that was sufﬁ-
ciently long enough in each case to estimate the
asymptotic estimate of dlog ks and reduce the
effect of the initial population size and distribu-
tion (see Appendix S5 for details and for ﬁgures
of dlog ks as T increases in stochastic simulations).
We calculated 95% conﬁdence intervals (CI) ondlog ks using the formula from Caswell and Kaye
(2001; also presented in Appendix S5).
To ease comparison to the deterministic
results, we report the transformed values
(edlogks ¼ ks) and the 95% conﬁdence intervals for
the stochastic model (Table 4).
For nine of the ten scenarios, the population
growth rate ks was equal or higher in the stochas-
tic model than in the deterministic model
(Table 4). In two cases of early dry season ﬁres
(every two years in sorghum and every four
years in non-sorghum), populations would tend
to decline under deterministic timing of ﬁres but
would tend to grow under stochastic timing of
ﬁres. In six scenarios, the 95% conﬁdence interval
for the stochastic timing of ﬁres included the
mean population growth rate for deterministic
timing of ﬁres, given the same average ﬁre
frequencies.
The higher growth rates in stochastic simula-
tions result from longer runs of years without
ﬁres (even with no temporal autocorrelation
among ﬁres) compared to deterministic timing of
ﬁres, allowing young trees to transition up
through the stages and escape the ﬁre trap (Wer-
ner 2012). Potentially, positive temporal autocor-
relation would amplify this effect by increasing
the chance of long runs of years without ﬁre.
Indeed, population growth rates were always
higher than cases with positive autocorrelation in
ﬁres, and conversely, negative autocorrelation
(between years of ﬁre and no ﬁre in successive
years) tended to result in lower population
growth rates (cf. Appendix S5: Fig. S2). Never-
theless, our general conclusions did not change
with autocorrelation in the environment (cf.
Appendix S5).
Transient behavior
The previous results refer to the long-term
population growth rate, but the dynamics of a
population over shorter timescales (e.g., <100 yr)
can be dramatically different and may be rele-
vant to management. To capture the variability
in transient dynamics for the stochastic model,
we used a relatively short time period of 100 yr
and ran 1000 independent simulations of the
stochastic model for each scenario. For each of
these simulations, we calculated the log change
in population size (i.e., short-term growth rate)
using equation (3) for T = 100 yr. (Log values
were transformed for comparative purposes; cf.
Variable environments: stochastic timing of
ﬁres.) We calculated the mean and the 2.5% and
97.5% quantiles (CIs) of the 1000 estimates for
the short-term growth rate as well as the propor-
tion of the 1000 simulations that had a positive
change in population size (PI, proportion increas-
ing; Table 5).
Transient dynamics are highly dependent on
the initial distribution of individuals among
stages (Tuljapurkar et al. 2003). We chose to initi-
ate each simulation with a population of 1000
individuals, distributed among stages according
to the stable stage distribution for early dry sea-
son ﬁres in sorghum (Fig. 5c) and the stable
stage distribution for no ﬁre in non-sorghum
(Fig. 5b). These two starting distributions were
relevant because sorghum is maintained under
regular early dry season ﬁres but in long-
unburnt sites, it does not persist, leaving a non-
sorghum understory, and these environments
tend to reﬂect the history of ﬁres for each of these
types of understories (cf. Study system: Under-
story). We also explored transient dynamics for
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two other starting distributions but, for the most
part, the conclusions and comparisons among
ﬁre regimes and understory types did not change
(results are shown in Appendix S6: Table S1).
Population growth rates.—In sorghum under-
story, when ﬁre occurred only in one season,
whether early or late dry season, the average
growth rate over 100 yr was greater than one
with a very high proportion of the 1000 simula-
tions resulting in population growth regardless
of ﬁre return interval (Table 5). In contrast, when
a mixture of both early and late dry season ﬁres
occurred in sorghum, the mean short-term
growth rate was less than one, with fewer than
5% of the 1000 simulations showing positive
population growth over 100 yr (Table 5).
In non-sorghum understory, there was only
one scenario (for early dry season ﬁre at intervals
of 2 yr) where the average short-term population
growth rate was greater than one (with almost
all of the 1000 simulations showing positive pop-
ulation growth), although for early dry season
ﬁres at 4-yr ﬁre intervals the average short-term
growth rate was not signiﬁcantly less than one
(and about a quarter of the simulations showed a
positive population growth rate). In contrast, for
late dry season ﬁres or for a mixture of early and
late ﬁres in non-sorghum, the average short-term
population growth rates were all less than one
and none of the 1000 simulations recorded a pos-
itive population growth rate (Table 5).
Numbers of trees by stage over 100 yr.—The num-
bers of trees in each stage changed over the
100-yr simulations, with the biggest changes
occurring over the ﬁrst 60 yr. The numbers of
trees in each stage also differed among the sce-
narios and, in some cases, between stochastic
and deterministic simulations. In Appendix S6:
Figs. S1–S10, we show the changes in numbers
for all stages over the ﬁrst 100 yr of deterministic
and stochastic simulations for each of the 10 sce-
narios (as well as the stage distributions at 1, 30,
60, and 100 yr; below).
Here, for comparative purposes, we present
results for three scenarios (of ﬁre season, timing,
and understory type) where the eucalypt popula-
tions had very different average growth rates
and very different PIs.
1. Early dry season ﬁres with ﬁre return intervals
of four years in sorghum.—The numbers of
individuals in most stages increased
exponentially over time, with the exception
of large adults, which experienced an initial
decline in abundance before increasing after
 40 yr. Stochastic timing of ﬁres yielded an
increasingly large range of numbers in each
stage from ~60 yr onward, in general
(Fig. 7).
2. Early and late dry season ﬁres (2- and 5-yr
intervals, respectively) in sorghum.—In con-
trast, when there was a mixture of early and
Table 5. The short-term population growth rates from the transient dynamics calculated over a 100-
yr simulation starting from the stable stage distribution for early dry season ﬁres in sorghum and
the stable stage distribution for no ﬁre in non-sorghum.








Sorghum Early dry 2 1.028 (1.017, 1.039) 1.000
Early dry 4 1.052 (1.043, 1.060) 1.000
Late dry 3 1.007 (0.997, 1.021) 0.899
Late dry 5 1.026 (1.013, 1.040) 1.000
Early and late 2/5 0.990 (0.978, 1.001) 0.047
Non-sorghum Early dry 2 1.005 (1.002, 1.009) 0.995
Early dry 4 0.999 (0.995, 1.003) 0.249
Late dry 3 0.980 (0.976, 0.983) 0.000
Late dry 5 0.984 (0.982, 0.987) 0.000
Early and late 2/5 0.983 (0.975, 0.990) 0.000
Notes: The temporal sequence of ﬁres was stochastic, and simulations assumed zero autocorrelation in the environment
from year to year (results using positive and negative autocorrelations are reported in Appendix S5).
† Mean (95% quantiles) of 1000 independent simulations.
‡ Proportion Increasing (PI): the proportion of the 1000 100-yr simulations where the average population growth rate was ≥1.
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late dry season ﬁres, there was a steady
decline in seedlings, adults, and large
adults. For all other stages, there was an
initial increase and then decline starting at
about 20–30 yr (Fig. 8). Under stochastic
timing of ﬁres, there was a great deal of
variation in numbers in each stage, often
with two to three times more individuals
compared to numbers under deterministic
timing of ﬁres (Fig. 8). In general, the
variability in the number of individuals in
each stage was much higher in scenar-
ios that combine three ﬁre stages (early,
late, unburnt), then other scenarios
which only considered two ﬁre states (cf.
Appendix S6).
Fig. 7. Early dry season ﬁres with ﬁre return interval of 4 yr (ENNN) in sorghum understory: the number of
individuals (y-axis) over 100 yr (x-axis) for each of 8 life-history stages (Table 1), showing the deterministic simu-
lation (black line) and the 95% conﬁdence intervals from 1000 stochastic simulations (shaded polygon) using the
same parameters. Seedling stage in orange, juveniles and saplings in green, and poles and adults in blue.
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3. Late dry season ﬁres with return intervals of ﬁve
years in non-sorghum.—The numbers of indi-
viduals in all stages declined over 100 yr,
although poles and saplings did increase ini-
tially for about 10 yr after which numbers
steadily declined (Fig. 9). Variability in
numbers of trees was highest near the begin-
ning of the simulation and then declined as
all simulations had negative population
growth (PI = 0; Table 5).










































































Fig. 8. A combination of early and late dry season ﬁres with ﬁre return intervals of 2 and 5 yr, respectively
(ENENL), in sorghum understory: the number of individuals (y-axis) over 100 yr (x-axis) for each of 8 life-history
stages (Table 1), showing the deterministic simulation (black line) and the 95% conﬁdence interval from 1000
stochastic simulations (shaded polygon) using the same parameters. Colors of life-history stages as in Fig. 7.
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Stage distributions.—The distribution of indi-
viduals among the eight stages at years 0, 30, 60,
and 100 yr for each of the 10 scenarios and under
stochastic timing of ﬁres (averages of 1000
simulations) is shown in Appendix S6: Tables
S11–S20). In general, changes in stage distribu-
tions occurred rather quickly, by 30 yr (in some
cases by 60 yr), with little change in stage distri-
butions thereafter. Ecologically, changes in stage
distributions reﬂect the combined effects of




































































Fig. 9. Late dry season ﬁres with ﬁre return interval of 5 yr (LNNNN) in non-sorghum understory: the num-
ber of individuals (y-axis) over 100 yr (x-axis) for each of 8 life-history stages (Table 1), showing the deterministic
simulation (black line) and the 95% conﬁdence intervals from 1000 stochastic simulations (shaded polygon) using
the same parameters. Colors of life-history stages as in Fig. 7.
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responses by various life-history stages to season
of ﬁres, timing and length of ﬁre intervals, and
understory type. Here, for purposes of compar-
ison among ﬁre regimes, we show the stage dis-
tributions at 100 yr for each scenario (Fig. 10).
In sorghum, under early dry season ﬁres, the
stage distributions were weakly bimodal after
100 yr. Among the early life-history stages, small
juveniles were the most numerous (30–40% of
the population) and poles were slightly more
numerous than adult trees (Fig. 10a, c). Under
late dry season ﬁres in sorghum, the stage distri-
butions had high numbers of juveniles, with
fewer seedlings, saplings, and poles, and very
few adults and large adults, an inverse J shape
distribution (Fig. 10e, g). We note that for each of
these three scenarios, the mean population
growth rate over 100 yr was greater than one. In
contrast, for a mixture of early and late dry sea-
son ﬁres in sorghum, although the stage distribu-
tion was also weakly bimodal (Fig. 10i), the
mean population rate over the 100 yr was less
than one and PI was <5% (Table 5).
In non-sorghum, stage distributions were highly
skewed toward small trees for all scenarios. For
example, for late dry season ﬁres with ﬁre return
intervals of ﬁve years,  80% of the trees were juve-
niles (>60% small juveniles and >20% large juve-
niles) and relatively few of the trees were saplings or
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Fig. 10. The distribution of individuals among the eight stages after 100 yr for stochastic simulations under
ﬁve ﬁre regimes (rows) in sorghum and non-sorghum (columns).
 ❖ www.esajournals.org 24 May 2019 ❖ Volume 10(5) ❖ Article e02706
WERNER AND PEACOCK
distribution favoring small trees (Fig. 10b, d), mean
population growth was greater than one for early
dry season ﬁres alone, but for all scenarios that
include late dry season ﬁres in non-sorghum, short-
term growth rates were <1 (Table 5).
MODEL TEST: PREDICTING POPULATION
DYNAMICS IN KNP, 1982–2003
A unique opportunity to test the predictions of
our model against ﬁeld data was provided by a
long-term monitoring study of 528 individually
marked eucalyptus trees located in four relatively
isolated sites in Kapalga Research Station in KNP.
The ﬁre history of each site was recorded annually
for 22 yr from 1982 to 2003, by ground observation
for ﬁrst nine years and by ground observations
and satellite imagery for the next 13 yr (Werner
2005; cf. Appendix S7: Table S1). The type of
understory was not always recorded but was
known to be non-sorghum in these sites at the start
of the study in 1982 (P. A. Werner, photographs).
The initial numbers of small saplings, large
saplings, poles, adults, and large adults used for
the model test were derived from the number
and sizes of trees permanently marked and ini-
tially measured in October 1982 in ﬁve plots in
each of four sites: known as 4S, 4N, 3S, 3N, for a
total area of 1.8 km2 (previously unpublished data
by stage but reported collectively in Werner
2005). We used these initial ﬁeld counts from
October but kept our census time in January
because there were no ﬁres between October
1982 and January 1983, when the same trees
were monitored for survival and growth. Fur-
ther, quarterly monitoring for the next 16 months
indicated that no trees died and that between
October and January growth was negligible,
being the end of the dry season (P. A. Werner, un-
published data). Seedlings and juvenile trees were
counted in 120 belt transects totaling 655 m2
within the four sites in January 1983 and were
monitored annually for six years; 23 eucalypt
juveniles were recorded in the initial census and
another 35 eucalypt small juveniles became
established over the next ﬁve years (Werner et al.
2006). No seedlings were recorded in any of the
transects in January 1983, which is corroborated
by ﬁeld data indicating that the rates of ﬂower-
ing and fruiting by mature trees within the sites
were extremely low (6% and <1%, respectively)
in 1982 (P. A. Werner and J. S. Cusack, unpub-
lished data). By adjusting these initial data to a
common areal scale (per hectare), we estimated
an initial stage distribution for each of the four
sites in January 1983 (cf. Appendix S7: Table S2).
From the 1983 initial stage distribution in each
site, we iterated equation (1) (cf. Model: General
model form) to simulate the population dynamics
over the next 21 yr, ending in 2003. Simulations
were run separately for each of the four sites (4S,
4N, 3S, and 3N) because ﬁre history differed
among sites (Appendix S1: Table S5.1). We also
determined the population growth rate over the
21-yr simulation for each site, calculated as the
dominant eigenvalue of the product of the transi-
tion matrices over the 21 yr, raised to the power
of 1/21. Populations showed overall positive
growth over the 21-yr simulation in all four sites,
with short-term population growth rates greater
than one: 1.015 (4S), 1.012 (4N), 1.000 (3S), and
1.011 (3N).
For site 4S, we show the predicted numbers of
trees in each stage over 21 yr, the actual numbers
of saplings and mature trees in 1989 and 2003,
and the ﬁre history by year (Fig. 11). A composite
ﬁgure of results for all four sites is shown in
Appendix S7: Fig. S1, as well as the results for
each of the four sites in Appendix S7: Figs. S2–S5.
The predicted numbers of seedlings showed high
interannual variability due to the strong depen-
dency on ﬁre type. For example, the pulse of seed-
lings that progressed to large juveniles from 1984
to 1989 in site 4S was the result of four consecu-
tive years without ﬁre in this site, which allowed
relatively high recruitment and survival of seed-
lings over that time (Fig. 11). Field data over time
for seedlings and juveniles were not available to
verify those aspects of model predictions.
The model tended to overpredict the numbers
of small saplings in 1989 and in 2003 but was
much better at estimating the number of large
saplings on all four sites (Fig. 11; cf.
Appendix S7: Fig. S1). Because the fate of smaller
trees inﬂuences the number of larger trees, over-
all, these results suggest that our model underes-
timates mortality of seedlings and juveniles and
overestimates mortality of small saplings.
The predicted number of poles initially
increased over time in site 4S as well as in the
other 3 sites, but then declined quite sharply after
~14 yr (as did saplings in several sites; Fig. 11; cf.
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Appendix S7: Fig. S1). Because the projected shift
from increasing to decreasing number of poles (as
well as a similar shift from increasing to decreas-
ing number of large and small saplings) occurred
mainly between the two later census years (1989
and 2003), the precise timing of that shift could
not be veriﬁed from ﬁeld data. Overall, the pre-
dicted numbers of poles were overestimated for
1989 and 2003 when compared to ﬁeld data. Both
the overestimate of poles and the rapid drop in
both poles and saplings after ~1996 were particu-
larly evident in site 4S, occurring after a series of
seven annual early dry season ﬁres followed by a
period with few ﬁres (Fig. 11).
The predicted number of adult trees steadily
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Fig. 11. For Site 4S in Kapalga, Kakadu National Park, the predicted number of individuals in each stage (a–h;
Table 1) over time, from simulations starting with the known stage distribution in January 1983 (Appendix S7:
Table S2) and calculated for the next 21 yr, using the known sequence of ﬁres (Appendix S7: Table S1): early dry
season ﬁres (vertical blue lines), late dry season ﬁres (vertical red lines), and one wet season ﬁre (vertical green
line). The number of trees counted in the ﬁeld in October 1989 and 2003 is shown as stars in panels (d–h).
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adult trees steadily increased over the same per-
iod, in all four sites. Field data in 2003 conﬁrmed
projected declines in the number of adult trees
(less so in 1989), with the magnitude of declines
slightly less than the projected levels. For very
large trees, there were many fewer than had been
projected by the model (Fig. 11; cf. Appendix S7:
Figs. S2–S5).
Discrepancies between model predictions and
ﬁeld data for 1989 and 2003 in these four sites
may stem from the paucity of data available for
estimates of the initial numbers for seedling and
juvenile stages in 1983 as well as two environ-
mental factors not included in our model: a
potential historical effect of feral Asian water
buffalo on survival of juvenile trees in the early
years, and a potential storm selectively decimat-
ing the largest trees. These are discussed further
in Appendix S7.
Despite these discrepancies, the proportion of
variance between predicted and actual tree num-
bers (small saplings, large saplings, poles, adults,
and large adults) explained by the model was
high (r2 = 0.880; Fig. 12).
Overall, the model performs well for the popu-
lation and in environments experienced in typi-
cal eucalyptus open forest at Kapalga, KNP. This
provides conﬁdence that projections calculated
by the population model and analyses of tran-
sient behavior of the canopy trees can yield valu-
able insights into the mechanisms underpinning
population dynamics of those savanna open for-
ests that have a similar soil/precipitation/produc-
tivity proﬁles in the larger Australian humid
savannas.
DISCUSSION
Strengths of the population modeling approach
This study provides the ﬁrst comprehensive
analysis of ﬁeld data on the response of all life-
history stages (including the usually elusive early
life-history stages) of canopy trees in the savan-
nas of northern Australia to key environmental
factors. We integrated this information on tree
behaviors in a stage-based population model that
focused on the combined impact of to two key
environmental factors—ﬁre and understory—on
canopy tree population dynamics. In effect, the
approach integrates individual tree behaviors
into a model that projects those behaviors into
system outcomes. The modeling approach is able
to provide valuable insights into the dynamics of
the savanna system (the how) rather than
attempting to discern mechanisms from analyses
of pattern (the what).
Relatively simple models of population
dynamics such as ours undoubtedly ignore some
realities of the environment but can nonetheless
provide clarity and insights into the major factors
inﬂuencing population change (Brook et al.
2002). Most other modeling studies on the effects
of ﬁre in savanna ecosystems have adopted sim-
ulation-based approaches using highly mecha-
nistic sub-models describing the response of
plants to their environment. Simulation-based
approaches can provide accurate predictions
under speciﬁc scenarios and parameterizations,
but the output may depend strongly on initial
conditions and the many parameters that require
detailed data. For example, in Australian savan-
nas, the widely used process-based, empirical
computer simulation model (FLAMES) is imple-
mented on a spatial grid of stem counts that
requires historical rainfall, soil properties,
and vegetation characteristics for each grid cell
(cf. Liedloff and Cook 2007). Another example
that requires even more speciﬁc data is the

















Fig. 12. The model-predicted number of trees com-
pared to the observed number of trees in the ﬁve lar-
gest stages (small saplings, large saplings, poles,
adults, and large adults) for each of the four sites sur-
veyed in 2003 in Kapalga, Kakadu National Park. The
dashed line shows the 1:1 relationship indicating per-
fect correspondence, and the proportion of variance in
the observations explained by the model is R2 = 0.880.
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TREEGRASS model of Simioni et al. (2000) in
northwest African savannas which is initiated
with the position and orientation of each tree in
the population, and simulates physiological pro-
cesses controlling growth at the individual level
on an hourly timescale.
Detailed mechanistic process models are very
well suited for robust predictions of stand-level
descriptions (e.g., biomass, tree–grass ratios,
woody plant size structures) and how these
change across environmental gradients (e.g., pre-
cipitation, soils, ﬁre frequency) and can inform
speciﬁc management actions. On the other hand,
the complexity of multiple, mechanistic sub-
models and sensitivity to initial conditions often
can make it difﬁcult to understand the ecological
mechanisms and primary drivers of the observed
dynamics in these models.
The aim of our population modeling approach
was to develop an understanding of how ﬁre
affects canopy tree populations and to provide
generalizable methods and insights into system
dynamics. A more thorough discussion of the
strengths and limitation of our model, as well as
an examination of two basic assumptions, is pre-
sented in Appendix S3. The model is suited to
future modiﬁcations of the transition matrices
and can be extended to include other environ-
mental factors, as described in Appendix S8.
Key findings
Fire is necessary for long-term persistence.—We
found that eucalypt canopy populations would
not persist if left unburnt, which is consistent
with independent ﬁeld studies where ﬁre was
intentionally suppressed in the long-monitored
ﬁeld locations in north-central Australia. For
example, in unburnt plots in both Solar Village
(Woinarski et al. 2004) and Territory Wildlife
Park (Scott et al. 2012) southeast of Darwin, the
eucalypts that usually dominate in open forest
canopies declined signiﬁcantly over a few dec-
ades and other, ﬁre-sensitive, shorter-statured
tree and shrub species increased, intermingled
with larger, previously established eucalypt
trees. Few eucalyptus saplings were found in the
long-unburnt plots in either of these sites, as well
as in the treatment plots where ﬁre was sup-
pressed in the 23 yr long experimental site at
Munmarlary (now part of KNP; Bowman et al.
1988, Russell-Smith et al. 2003b).
Population responses of ﬁre-sensitive species
can be very rapid compared to responses by
ﬁre-resilient species. For example, when ﬁre was
re-introduced into a portion of Territory Wildlife
Park after 20 yr of deliberate ﬁre exclusion, the
ﬁre-sensitive woody species, regardless of size,
tended to disappear quickly and, among trees,
only the larger established ﬁre-resilient eucalypt
trees survived (Scott et al. 2012). The reverse
occurred in Kapalga (KNP), where plots that
had experienced annual early dry season ﬁres
were then intentionally left unburnt; a eucalyp-
tus sapling bottleneck quickly developed with
20–50% of eucalyptus saplings losing height and
45% of pole-sizes trees dying in just three years
(Werner and Franklin 2010, Werner 2012).
The dominant tree canopy of the mesic pine
savannas of southeastern United States also
depends on ﬁre. At sites where ﬁre was excluded
for 80 yr, seedlings and saplings of the usual
dominant canopy species, Pinus palustris, were
very rare but those of the ﬁre-sensitive oak spe-
cies were very high. This contrasted with the lar-
ger areas where ﬁres occurred at regular
intervals and where oaks were replaced by ﬁre-
resistant pine trees, the common dominant
canopy tree in those savannas (Gilliam and Platt
1999, Gilliam et al. 2006). In both North Ameri-
can and Australian savannas, ﬁre-sensitive tree
species were able to outcompete ﬁre-resistant
tree species in the absence of ﬁre. As a result, the
most common dominant canopy species, indeed,
the colloquial names for these savannas (pine
savanna and eucalypt open forest), are a product
of the ﬁres that have removed competitors.
Our ﬁnding that canopy tree populations
require ﬁre to persist suggests that the vast euca-
lypt-dominated savannas of northern Australia
are most likely anthropogenic landscapes, the
result of tens of thousands of years of indigenous
occupation and burning of vegetation (cf. Discus-
sion: Implications for savanna physiognomy).
Annual ﬁres are not conducive to long-term
persistence.—Populations of the canopy eucalypts
would tend to decline when ﬁres occur annually,
regardless of the season of ﬁre. Ecologically, this
is most likely due to the severe effect that any ﬁre
has on seedling establishment and survival, as
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well as on growth of juvenile trees (difﬁculty
reaching sapling size) that leads to the demo-
graphic bottlenecks described in savannas on
three continents (Werner 2012, Grady and Hoff-
mann 2012, Clarke et al. 2012, Holdo et al. 2014).
From a ﬁve-year study of annual ﬁres, Ander-
sen et al. (2003b) suggested that substantial
ﬁre-free intervals (>3 yr) would be required for
effective juvenile tree recruitment. When ﬁres
occur every year, there is very little opportunity
for young trees to grow to a size that allows
escape from the ﬁre trap (Werner 2012). Inability
to bridge the ﬁre trap over long periods of time
would have severe population consequences: As
mature trees die off, recruitment ceases, and ulti-
mately the population would be extirpated, the
result projected by our model.
Fire season and frequency determine population
persistence.—Periodic ﬁres were required to
sustain a population, but not all ﬁre regimes pro-
moted long-term persistence. In general,
periodic, early dry season ﬁres were more likely
to promote long-term persistence of eucalyptus
populations than were periodic, late dry season
ﬁres, and recurring mixtures of the two ﬁre sea-
sons were particularly detrimental. This is most
likely the result of both the inherent patchiness
of burn patterns of early dry season ﬁres, and
their more benign effects on tree recruitment,
seedlings, juvenile and sapling survival and
growth compared to the more severe effects of
late dry season ﬁres, especially on saplings (and
as reﬂected in the transition matrices of Table 3).
Further, longer ﬁre return intervals (within the
range that we explored) tended to be more
advantageous to population growth rates com-
pared to shorter ﬁre return intervals. This pattern
was particularly evident in sorghum understory,
but much less so in non-sorghum understory
where, in some cases, shorter ﬁre return intervals
were more conducive to population growth. The
advantage of longer ﬁre return intervals is
related to the length of time individual plants
would have the opportunity to escape ﬁre but
mitigated by the greater competitive effect of
non-sorghum understory on juvenile trees com-
pared to sorghum understory.
Finally, we found that the mixture of early and
late dry season ﬁres was extremely detrimental
to long-term persistence as well as to transient
dynamics. This result is particularly relevant
because it has been the most common contempo-
rary ﬁre history in the region, including in pro-
tected areas such as KNP (cf. Study system: Fires).
Irregular timing of ﬁres promotes persistence.—
The most consistent result across all scenarios
modeled was that stochastic timing of ﬁres
favored persistence over deterministic timing of
ﬁres within comparable ﬁre regimes (Table 4).
This was generally true regardless of whether
environmental autocorrelations were incorpo-
rated into calculations (cf. Appendix S5). When
the timing of ﬁres is stochastic, there is a greater
chance of multiple, consecutive ﬁre-free years
that allow small trees to transition into larger
size categories instead of being top-killed. As lar-
ger trees, the probability of their surviving sub-
sequent ﬁres is higher, and they are more likely
to grow to contribute to recruitment within the
population. This was especially evident in cases
where the mean long-term growth rate under
deterministic timing of ﬁre indicated a trajectory
toward extinction: When timing of ﬁres was
stochastic, the increased possibility of several
consecutive ﬁre-free years resulted in positive
population growth (e.g., EN in sorghum,
Table 4).
The positive effect of stochastic timing of ﬁre
has also been reported for woody species in cer-
rado of Brazil, where a random ﬁre regime pro-
duced higher population growth rates than did
ﬁxed intervals of ﬁres (Hoffmann 1999). The ran-
dom ﬁres in that study were simulated in the
same way as our stochastic simulations, and the
result was the same: Fires set on a regular sched-
ule lead to lower long-term population growth of
trees in both Brazilian cerrado and Australian
humid savannas.
Understory type inﬂuences tree population
dynamics.—Canopy trees have different popula-
tion dynamics in sorghum and non-sorghum
understories. Ecologically, these differences are
not unexpected. Sorghum understory has less
competitive effect on the survival and growth of
small eucalyptus trees than does non-sorghum
understory due to differences in phenology and
shading. Alternatively, in sorghum, the late dry
season ﬁres are particularly detrimental to sur-
vival of saplings (cf. Study system: Understory). To
illustrate this point, using ﬁeld data on large sap-
lings in late dry season ﬁres, in sorghum under-
story 60% of the saplings were reduced to
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juvenile height and 20% died whereas, in non-
sorghum, 60% of the saplings grew to larger
sizes and none died (Werner 2012).
This ﬁnding highlights the need to consider
the ecological context of ﬁre effects on savanna
tree populations. It is particularly relevant to
management because understory type can be
changed in response to management decisions,
which in turn can alter the impact of subsequent
ﬁres on tree populations (cf. Discussion: Implica-
tions for management).
Transient dynamics uphold key ﬁndings.—The
transient dynamics over 100 yr tended to reﬂect
the key ﬁndings for long-term population
growth with respect to the role of ﬁre regimes
and understory on population growth rates.
Speciﬁcally, population growth rates over 100 yr
were higher with early dry season ﬁres com-
pared to late dry season ﬁres or mixtures of the
two seasons, in sorghum understory compared
to non-sorghum understory, and with stochastic
timing of ﬁres compared to deterministic timing
of ﬁres. Within scenarios, the average population
growth rates over the ﬁrst 100 yr were generally
higher than the long-term population growth
rates, most likely due to the continued survival
of very large trees over the 100 yr. Nonetheless,
the similar conclusions drawn from long- and
short-term dynamics suggest that our key ﬁnd-
ing may be generalizable to different initial con-
ditions.
Stage distributions can change rapidly.—Over
100 yr of transient dynamics, changes in stage
distributions (proportional numbers within each
of the eight stages) occurred rather quickly, with
greatest changes occurring in the initial 30 yr of
simulations. Ecologically, the combined effects of
responses by various life-history stages to season
of ﬁres, timing and length of ﬁre intervals, and
understory type interact in such a way to result
in changes on rather short time scales relative to
the life span of an individual tree; such a degree
and rate of change in savanna structure can have
profound effects on other biota (cf. Discussion:
Implications for savanna physiognomy).
After 100 yr under various ﬁre regimes, the
tree populations in sorghum understory often
exhibited a bimodal distribution such as found in
some disturbance-driven populations (Balke
et al. 2014), or a weak inverse J shape distribu-
tion usually found in age-classiﬁed, steadily
growing or stable populations (Caswell 2001).
All but one of the ﬁre regimes in sorghum had a
short-term population growth rate greater than
one. In contrast, in non-sorghum understory,
stage distributions were very strongly inverse J
shaped (~80% of individuals were juveniles), and
in all but one case, mean population growth rates
were <1.
Recruitment and seedling survival are relatively
unimportant.—In the open forest eucalypt popula-
tions of north-central Australian humid savan-
nas, small changes to vital rates for recruitment
or seedling survival would have relatively little
effect on the potential for long-term persistence,
compared to small changes in other vital rates.
This is based on the very low sensitivity values
calculated for all the ﬁre seasons and understory
types we considered (cf. Appendix S4). In any
case, in the ﬁeld, the production seeds and seed-
lings and survival of seedlings of these tree spe-
cies are extremely low (cf. Appendix S2).
Simulated increases in seedling establishment by
ﬁve times and survival of seedlings by two times
made little difference to population growth (P. A.
Werner and S. J. Peacock, unpublished analyses).
Similarly, Hoffmann (1999) found that sexual
reproduction contributed little to the overall
effect of ﬁre on calculated population growth
rates of two trees and two shrub species in the
cerrado savanna of Brazil. In reviews of popula-
tion growth rates for scores of woody plant spe-
cies, Silvertown et al. (1993) and Pﬁster (1998)
concluded that changes in fecundity were of rela-
tively low importance, compared to changes in
growth or survival of the established plants. Fur-
ther, Franco and Silvertown (2004) compared
population dynamics of 102 perennial plants and
concluded that, in general, for long-lived species,
long-term growth rates are relatively insensitive
to changes in seed production.
In drier savannas elsewhere in Australia, the
role of recruitment and seedling survival may be
relatively more important than in the humid
savannas of our study (Fensham et al. 2017). In
all Australian savannas, tree seedlings are rare
and appear only after the ﬁrst rains; however, in
the semi-arid savannas, several years can pass
without a wet season whereas in the humid
savannas, wet season rains occur every year. In
the humid savannas, it is the highly variable ﬁre
regimes—and their direct effects on juveniles,
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saplings, and larger trees—that is the primary
factor inﬂuencing population dynamics of the
canopy trees.
Implications for savanna physiognomy
Researchers on every continent have called for
more information on life histories and popula-
tion dynamics of savanna trees to improve the-
ory of savanna structure (physiognomy) and
function (House et al. 2003, Sankaran 2005, Mid-
gley et al. 2010, Lehmann et al. 2014). By substi-
tuting space for time, some ﬁeld studies or
reviews of the Australian humid savannas have
concluded that disturbance (e.g., ﬁre and/or
storms and/or grazing) is indeed an important
driver that explains savanna physiognomy (e.g.,
different degrees of woody cover and/or size dis-
tributions of larger trees; e.g., Petty et al. 2007,
Prior et al. 2006, 2009, Lehmann et al. 2009, Mur-
phy et al. 2014). A basic understanding of the
ecological mechanisms, however, has been more
elusive; for example, Lehmann et al. (2009)
ignored juvenile stages entirely (Midgley et al.
2010). We have contributed to a general under-
standing of mechanisms responsible for savanna
structure (physiognomy) in the Australian
humid savannas by integrating life histories of
the canopy trees and their ﬁeld-based responses
to ﬁre into a population model.
Among the ﬁre regimes that we examined
where populations of canopy trees were most
likely to be expiated, the length of time for total
exclusion to occur would be more than a century
and up to the maximum life span of an estab-
lished eucalypt tree, estimated at 150–300 yr
(Werner 1986, Cook et al. 2005). Nevertheless,
population stage structures can change rapidly
certainly within the ﬁrst 30 yr as shown in ﬁg-
ures of stage distributions (cf. Appendix S6). A
rapid shift in structure is consistent with inde-
pendent ﬁeld studies after ﬁre regimes have been
modiﬁed. For example, stage structures of euca-
lypts changed rapidly after ﬁre was re-intro-
duced to experimental sites that had been long
protected from ﬁres (Woinarski et al. 2004, Scott
et al. 2012). Further, in Kapalga in KNP, under
newly imposed annual late dry season ﬁres, site
total basal area (BA) of woody plants declined
over just a ﬁve-year period, attributed to deaths
of the largest trees without an equivalent
increase in the total BA of small trees (Williams
2003b). These results suggest that many different
stage distributions (and hence, vegetation struc-
ture, or physiognomy) may exist across the
humid savannas of Australia, given the rapid
and dynamic nature of changes in human settle-
ments, land tenure, and ﬁre management over
the past half century.
Similarly, in pine savanna in SE United States,
a range of different size structures has been
found among various stands of the dominant
canopy trees. This has been attributed to the
combined effect of both short-term disturbance
(e.g., ﬁre) and long-term disturbance (e.g., hurri-
canes) on various stages in the life cycle of the
trees (Platt et al. 1988, 2002, Gilliam et al. 2006).
The question remains as to what extent these var-
ious stage distributions in the ﬁeld, in either pine
savannas or eucalypt savannas, represent stages
in a cyclical pattern of responses to disturbance
and/or represent a longer-term trajectory of
change (cf. Appendix S8).
Some recent reviews on Australian savannas
have concluded that ﬁre regimes are either of
secondary importance or unimportant compared
to precipitation and/or soils in explaining vegeta-
tion structure, woody biomass, woody stem den-
sity, total basal area, and/or carbon stocks or
sequestration (cf. Liedloff and Cook 2007, Mur-
phy et al. 2015 and references therein). However,
these conclusions are based on comparisons of
sites across regional, sub-continental, or geologi-
cal scales and so it is not surprising that abiotic
factors would be the major factor accounting for
differences in ecosystem characteristics across
these larger geographic scales. At a ﬁner geo-
graphical scale (e.g., within a speciﬁed area of
common precipitation and soils), however, ﬁre
has been identiﬁed as the key factor affecting
plant population dynamics, population size
structures, and savanna physiognomy. These
include results from a myriad of ﬁeld studies
(cited above and references therein), and from
our population model (Tables 4, 5; Appendix S6:
Figs. S1–S20), and from aspects and extensions of
the FLAMES process-based model (e.g., site
woody stem density; Liedloff and Cook 2007,
Liedloff and Smith 2010).
Anthropological landscapes.—The open forests
and other wooded savannas of northern Aus-
tralia are anthropological landscapes. The
canopy tree populations require ﬁre for long-
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term persistence and almost all ( 95% of the
burnt areas) are the result of ﬁres set by humans.
An anthropological landscape undoubtedly has
been the case for tens of thousands of years—
perhaps as much as >50,000 yr when humans
ﬁrst entered the continent. Our knowledge of tra-
ditional ﬁre management comes from oral his-
tory, archeological studies, early explorers, and
contemporary peoples living on the land (cf.
Yibarbuk et al. 2001). Traditional practices con-
tinued to be most common until  75 yr ago in
the Alligator Rivers Area and Arnhem Land
(Haynes 1985). These practices were slowly over-
taken by contemporary practices in most of these
areas only in the last 50 yr.
Prior to modern times, thousands of indige-
nous people lived on the land in north-central
Australia, carrying and using ﬁre as they moved
across the landscape, hunting and gathering food
and other resources. They lit ﬁres as they walked,
for several reasons: to assist in these endeavors,
as well as to provide easier or safer passage, to
protect campsites, and to fulﬁll traditional obli-
gations to “care for country” or “clean up coun-
try” (comments by W. Roberts, personal
communication, 1984). The many ﬁres lit in the
early dry season created patches of burnt ground
(cf. Study system: Fires), with the effect of produc-
ing in a mosaic of ﬁre breaks that reduced the
spread of later late dry season or lightning-
ignited ﬁres in the following early wet season. In
the ﬁrst part of a dry season, hunting, collecting,
and ﬁres occurred on the ridges and high
ground, where open forests are found. As the
dry season progressed, activities moved down-
slope to lower ground eventually to include the
vast ﬂoodplains of major rivers. This pattern of
ﬁre progression has continued to modern times
(P. A. Werner, personal observation, 1981–1984).
Certain areas were always protected from ﬁres,
such as the “sacred” monsoon rainforests, seeps,
and smaller river beds.
The >50,000-yr history of human-set ﬁres that
produced an anthropological landscape in north-
ern Australia is in contrast with the savannas of
the SE United States coastal plain. There, light-
ning strikes are some of highest rates in the
world, and lightning-set ﬁres are credited with
both the evolution and maintenance of the pine
savannas of that region (Peet et al. 2018). In the
Australian open forests, the largest adult trees
alive today became established under traditional
ﬁre regimes—they are remnants of traditional
ﬁre management by indigenous peoples.
As projected by our study, recent contempo-
rary ﬁre regimes in the open forests of humid
savannas in Australia are not conducive to long-
term persistence of the canopy tree population.
Should very high-frequency ﬁre regimes lit by
humans continue, areas burnt by lightning-set
ﬁres will certainly continue to be rare due to
reduced fuel loads (cf. Study system: Fires), but
the canopy tree populations would be slowly
extirpated. Of course, the replacement—grassy
savannas—would also be (modern) anthropolog-
ical landscapes.
Implications for management
The lowland open forests of north-central Aus-
tralia are generally considered relative intact by
local managers of the region (although may be
subject to decline; e.g., Russell-Smith et al. 2013,
Parks Australia 2016). The current plan of man-
agement for KNP (2016–2026; Parks Australia
2016), in the section dealing with habitats of con-
cern, is silent on potential threats to the open for-
ests which cover more than half of the terrestrial
area of the Park.
The results of our modeling, however, portend
a different story: That a canopy tree population
experiencing the most common ﬁre regimes of
recent decades (very high frequency of both early
and late dry season ﬁres) will most likely be dri-
ven to extirpation. Perhaps the difference
between the current perceived status and the
projected status is due to the presence of the
large trees that continue to dominate the land-
scape, perhaps giving a false sense of well-being.
The largest trees were established more than 50–
150 yr ago, before contemporary inﬂuences
(including ﬁre management) on the open forests
(cf. Study system: Site overview). Further, little
attention has been paid to the potential replace-
ment of those large trees when they become
senescent and die, whereas our work has
incorporated the early life-history stages into the
predictive models.
Of necessity, management planning regarding
ﬁre in most areas of these savannas is made on a
landscape scale (areal or gross scale). The vast
size, distance to settlements and roads, and low
density of humans result in management by ﬁre
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that is less about ﬁre control than it is about deci-
sions on when and where to set ignitions. Deci-
sions are driven by social and cultural issues,
time and resources available, and economic and
feasibility factors (e.g., in Kakadu National Park;
Parks Australia 2016).
There is widespread agreement in the entire
region that late dry season ﬁres are to be avoided
because a single ﬁre that time of year can burn
very large areas (>1000 km2), threaten humans
and fauna, and devastate ﬁre-sensitive plant spe-
cies, many of which occur naturally in the under-
story. More recently, the areal extent and severity
of late dry season ﬁres have been identiﬁed as a
major factor in the decline of small mammals
regionally and in other fauna recorded in KNP
over the past 30 yr (Woinarski et al. 2001, Woi-
narski 2011, Lawes et al. 2015) due to secondary
changes in food supply, habitat, and exposure to
predators. (But note that from population viabil-
ity analyses (PVA) modeling ﬁre frequency was a
higher risk than ﬁre size for small mammals;
Grifﬁths et al. 2015). Regarding canopy tree pop-
ulations, our modeling results are consistent with
this general view that late dry season ﬁres are to
be avoided as they are more detrimental to the
potential for long-term persistence than are early
dry season ﬁres. Fire season alone is not the only
factor, however—ﬁre frequency also plays a role.
Regionally, outside of protected or aboriginal
lands, eliminating late dry season ﬁres entirely is
likely impossible, mainly due to unauthorized
and/or careless ignitions. With the very frequent
and extensive ﬁres occurring today near high-
ways, some remote communities, and large cities
such as Darwin (Russell-Smith et al. 2007, Elliott
et al. 2009, Murphy et al. 2014), previously
forested tracts of land will most likely become
almost treeless, or indeed, grassy or shrubby
savannas in the long run, due to loss of both ﬁre-
sensitive plants as well as the canopy eucalypt
populations. In many locations in the Top End
(including parts of KNP), the stage distributions
of the eucalyptus canopy tree populations of
today, compared to 30 yr ago, are consistent with
a trajectory toward extirpation (P. A. Werner, per-
sonal observation).
Many managers have advocated the removal
of sorghum from the landscape (Press 1987,
Miles 2003). This is because the tall, annual grass
is a major factor in the spread and destructive
local effects of late dry season ﬁres. Removal of
sorghum could also prove advantageous to wild-
life populations and built structures by reducing
the areal extent and the direct and cascading
effects of late dry season ﬁres. However, as
shown by our study, with respect to the lowland
eucalyptus canopy populations, long-term per-
sistence in the alternate, non-sorghum vegeta-
tion, can be severely compromised, especially if a
late dry season occurs occasionally. Therefore, if
the understory is switched to non-sorghum by
wet season management burns (and assuming
late dry season ﬁres are eliminated), it would be
very important to continue to provide early dry
season ﬁres every two to four years to reduce the
competitive effects of non-sorghum understory
on eucalypt sub-adult trees.
Assuming land managers have a strategic
management goal of ensuring the long-term per-
sistence of the canopy tree populations of the
open forests, our study can inform shorter-term
decisions about whether, and when, to ignite
ﬁres in a selected area. We do not attempt to
proffer prescriptions for ﬁre management but
offer guidelines in the form of management
actions that will positively affect a population of
canopy trees, based on our model. Based on our
key ﬁndings, eucalypt canopy trees must experi-
ence ﬁre to persist (because total ﬁre exclusion
will eventually result in extirpation and replace-
ment by ﬁre-sensitive species), but not on an
annual basis (because annual ﬁres will lead to
extirpation of the population as juvenile trees
will be prevented from moving into the upper
layers to replace larger trees that will ultimately
die). Furthermore, the interannual timing of ﬁres
on a site should not be regular but incorporate
variability with some longer ﬁre return intervals
(because stochastic interannual timing promotes
the transition of smaller trees to larger sizes). For
early dry season ﬁres, unburnt patches are essen-
tial to provide opportunities for juvenile and sap-
ling trees to transition to larger sizes and thus
ﬁres lit for management purposes should aim for
patchy burns. Late dry season ﬁres should be
avoided if possible, or if not possible, not occur
less than every ﬁve years (because these ﬁres are
particularly detrimental to tree growth and sur-
vival, especially of juvenile stages). Understory
type should be identiﬁed and considered when
planning the frequency of ﬁres for a site (because
 ❖ www.esajournals.org 33 May 2019 ❖ Volume 10(5) ❖ Article e02706
WERNER AND PEACOCK
understory type affects both ﬁre behavior and
vital rates for small trees). These general guideli-
nes are based on the results and insights from
our model; should ﬁeld data on the distribution
of life-history stages of the target population be
available at a particular site, then more speciﬁc
recommendations could be made for short-term
management actions that would enhance the
long-term viability and stage distribution of the
canopy trees.
In recent years, serious attempts have been
made to incorporate Aboriginal traditional
approaches to savanna ﬁre management into
contemporary management plans in the region.
This includes a focus on the traditional patchy
early dry season ﬁres that help reduce the wide-
spread occurrence of late dry season ﬁres and
has been advocated by several researchers and
land managers (Russell-Smith et al. 2009, 2013
and references therein). In KNP, early, patchy
dry season ﬁres in 2016 and 2017 helped reduce
what were previously extensive late dry season
ﬁres (Parks Australia 2016). Such a switch to
more traditional ﬁre management (early dry sea-
son, patchy, ﬁres) will serve as a big step toward
ensuring long-term persistence of the open for-
ests.
The reintroduction of traditional ﬁre regimes is
to be applauded. However, simple reintroduc-
tion of traditional ﬁre regimes may not yield an
intended goal of sustaining the open forest
canopy populations, at least over the next cen-
tury or more. Special measures to ensure the
timely replacement of the older, larger trees may
be required because the previous decades of non-
traditional practices undoubtedly decimated
juvenile and sapling stages and/or made changes
to understories. The resulting hysteresis effects
due to low numbers of these life-history stages
could be met by slight modiﬁcations (however
temporary) during the recovery period from dec-
ades of non-traditional ﬁre regimes.
Currently, strategic management plans are
made mainly based on cultural considerations
and predicted ﬁre behavior per se. Whereas
those considerations remain very important, we
suggest that setting biological goals, coupled
with an understanding of the biological and eco-
logical responses to ﬁres, would aid in strategic
management planning.
Future research
Using our model and the transition and
recruitment rates that we developed for 10 ﬁre
and understory scenarios, it would be possible
to explore directly other ﬁre intervals and/or
combinations of seasonal ﬁres and/or under-
story. There exists a myriad of possibilities for
other simulations. Two other categories of
potential future research that build on our
model include Life Table Response Experiments
(LTREs) to understand the relative importance
of speciﬁc transition rates to population viabil-
ity (Caswell 2000, 2001, 2014) and environmen-
tal extensions to explore, for example, carry-
over effects of ﬁre that may result in temporal
autocorrelation in ﬁre sequences. Both these
types of future research are discussed in
Appendix S8.
A further, particularly important area of
research relative to the population dynamics
of the canopy trees in humid savannas is the role
of severe storms (cf. Appendix S8). Our study
deals with disturbances (ﬁre) that typically occur
at very high frequencies, even annually. We did
not include the effects of occasional severe
storms, ranging from localized tornado winds to
large cyclones that occur much less frequently
here than in other coastal savannas (Williams
and Douglas 1995, Cook and Goyens 2008). Nev-
ertheless, such storms remove established
canopy trees (Williams and Douglas 1995, Frank-
lin et al. 2010) and could have signiﬁcant effects
on transient dynamics and long-term persis-
tence, as has been shown for savannas on three
other continents (e.g., references in Pascarella
and Horvitz 1998, Platt et al. 2002, Gillson 2006).
The probability that a canopy-removing storm
will occur on any speciﬁc site in north-central
Australia has not been calculated due to sparse
human populations and settlements, but never-
theless, it most likely would be somewhere
between one in 150–300 yr (Cook and Goyens
2008). This frequency is within the estimated life
span of the oldest (largest) eucalypt trees (Wer-
ner 1986, Cook et al. 2005). The interactive
effects of ﬁre regimes, severe storms, and chang-
ing climate on canopy tree population persis-
tence and the resulting savanna physiognomy is
a potentially rich area for future research on any
of the world’s savannas.
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CONCLUSION
Fire is a major driver of ecosystem dynamics
in the humid savannas of northern Australia, as
it is in other savannas of the world. We have
demonstrated the utility of matrix populations
models in integrating multiple data sets to form
a general understanding of how the timing of
ﬁres and environment (e.g., understory type)
inﬂuence the short- and long-term viability of
canopy trees populations, and ultimately deter-
mine savanna structure (physiognomy). We
found that ﬁre is required and that ﬁre-free inter-
vals also are required for canopy tree persistence
and that irregular ﬁre intervals increase the prob-
ability of long-term persistence. Results can be
attributed to the growth and survival of trees
within various life-history stages, especially to
juveniles and saplings. Fire regimes in many
ecosystems across the world are being altered
due to changes in land management and sec-
ondary effects of climate change. This study
highlights the ecological complexity that must be
understood to inform effective ﬁre management.
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